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The potential for contaminants to enter the lake shore environments of Lake Wanaka and Lake 
Wakatipu is an emerging problem for environmental managers within the Queenstown Lakes 
District of New Zealand. As population in the Queenstown Lakes District increases so too does 
the demand for more urbanised areas for housing, transport, commercial activities and 
industrialisation. This increase of urban area increases the proportion of land covered in 
impervious surfaces facilitating the transport of contaminants such as organic nutrients, heavy 
metals and pathogens to the aquatic environment. To assess the impacts of urbanisation on the 
lakeshore environment and the potential for using invertebrate community composition as a 
biomonitoring tool, a small scale community analysis of littoral-benthic invertebrates was 
conducted in Lake Wanaka between impacted and non-impacted sites. Secondly, a larger scale 
community analysis was conducted in both Lake Wanaka & Lake Wakatipu at varying 
distances to stormwater outlets entering the lake. A higher taxonomic resolution investigation 
of the family Chironomidae was also undertaken for the initial sampling effort in Lake Wanaka 
to assess changes in Chironomidae assemblages in relation to urban impact. 
 
Littoral-benthic invertebrate communities of both lakes at sites considered higher levels of 
impact showed an overall decline in relative abundance of taxa belonging to the orders 
Ephemeroptera, Plecoptera & Trichoptera (EPT) and the Dipteran family Chironomidae, than 
sites considered less impacted. These communities also displayed a shift towards a more 
homogenous community composition, dominated largely by Oligochaeta worms and the 
freshwater snail Potamopyrgus antipodarum. The higher resolution identification of 
Chironomidae assemblages within Lake Wanaka showed that the subfamily Orthocladiinae 
were negatively responding to urban impact, with lower abundances observed at sites 
considered impacted than at those which were considered non-impacted. 
 
The results of this study suggest that littoral-benthic invertebrate communities do indeed show 
clear responses in their composition in regards to increasing levels of urban impact. These 
responses suggest that the decline of EPT taxa & Orthocladiinae, and homogenization of the 
community towards P. antipodarum and Oligochaeta dominance may provide useful 
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1.1 The lake shore environment 
 
The shore zones of lake ecosystems are amongst some of the most ecologically valuable parts 
of the planet, consisting of complexes of habitats that support high levels of biodiversity. These 
highly productive areas are where the terrestrial and aquatic ecosystems transition, and so are 
intrinsically linked to the physical and chemical exchanges between these environments 
(Strayer & Findlay 2010; Qu et al. 2017). The shore zone displays high levels of structural 
heterogeneity facilitated by a variety of environmental sources including but not limited to 
sediment size, water & soil chemistry, temperature, light, disturbance, predation, organic inputs 
and hydrological flow regime (Strayer & Findlay 2010). The shore zone also provides temporal 
heterogeneity through impermanent changes such as fluctuating levels of wave action and 
suspended sediments, to more permanent changes of shore geomorphology following climate 
change or land use changes (Strayer & Findlay 2010). 
 
Freshwater shore zones can support biologically rich communities of aquatic and terrestrial 
species of bacteria, fungi, protozoans, plants & animals; potentially supporting hundreds or 
thousands of species due to the high levels of heterogeneity within the shore zone, as it is 
generally accepted that more physically complex shore zones will support higher levels of 
biodiversity than simple ones (Jenkins & Wheatley 1998; Barwick 2004; Strayer & Findlay 
2010; Bloch & Klingbeil 2016; Shell & Collier 2018). The lake shore environment is often a 
large continuous habitat acting as a dispersal corridor for many species of plants and animals, 
along with many that reside either within the shore zone, for all of part of their life history – 
hence, disruption to the shore zone may seriously alter the movement of shore zone biota and 
fragment populations (Strayer & Findlay 2010). 
 
A wide range of physical and chemical factors control the biodiversity of the shore zone biota. 
The geological structure of the shore zone environment has an enormous effect on shore zone 
biota through a multitude of physical variables, such as sediment size, which affects the 
permeability of the soils, in turn affecting water movement through sediments and their redox 
potentials; soils that are saturated and fine-grained have low redox potential and are thus poor 
habitat for many species due to low levels of dissolved oxygen (O2) (McLachlan 1983; Denny 




scale habitats within the shore zone, which can be hotspots for biodiversity and biogeochemical 
processes such as nitrification, carbon sequestration and phosphorus cycling (Wetzel 1990; 
Lowrance 1998; Qu et al. 2017). Topographical roughness is another physical factor 
controlling the shore zone biological communities as this affects the retention of organic 
materials within the shore zone, while the slope of the shore affects how well the shore zone is 
able to dissipate wave energy (Strayer & Findlay 2010). 
 
Physical energy regimes greatly affect the physical structure of the shore zone and therefore 
the biodiversity and biogeochemical process within the shore zone. Wave action is an important 
factor in the structuring of the shore zone - as waves crash on the shore, large amounts of energy 
are dissipated causing erosion, sediments become suspended in the water column making them 
available for transport and biological uptake, water turbidity increases and clarity decreases, 
placing highly variable forces on resident organisms (Denny 1988; Strayer & Findlay 2010). 
Physical energy inputs also structure the shore zone environment through the retention of 
organic materials such as organic wrack or woody debris, providing shelter for shore zone biota 
generating meso-scale spatial complexity as well as finer scale complexity through availability 
of food sources to detritivores (Wondzell & Bisson 2003; Gurnell et al. 2005). 
 
Highly heterogenous shore zone environments typically support high rates of nutrient cycling 
(McClain et al. 2003). As the interface between the terrestrial and aquatic environments, the 
shore zone biota are able to reduce nutrient loading to surface waters, capture nutrients from 
water, and decompose organic matter. Typically shore zone flora and fauna are highly effective 
at transforming ammonia and nitrates into biomass, detrital nitrogen and gaseous N2 (Wetzel 
1990; Lowrance 1998; Strayer & Findlay 2010). The quality and quantity of biological 
production of the shore zone is determined by the nutrient inputs of the physical surroundings, 
and in many cases anthropogenic inputs such as urban and agricultural runoff can significantly 
alter the composition and productivity of macrophyte and algal communities through minor 
changes in phosphorous and nitrogen inputs (McColl 1972; Addy 2005; Galbraith & Burns 
2007; McDowell 2009; Strayer & Findlay 2010; Abell et al. 2011). Excess inputs of nitrogen 
and phosphorous are intrinsically linked to eutrophication of waterbodies and the degradation 
of their water quality and ecological integrity (Vollenweider 1968; Smith 2003; Camargo et al. 





Hydrological regime is another highly important determinant of the shore zone, as gradual rises 
in water level increase erosion of the shore as well as decreasing light penetration to sediments 
and reducing growth rates. Conversely, gradual declines in water level increase deposition of 
sediments and desiccation of aquatic vegetation (Keddy & Reznicek 1986; Hill et al. 1998; 
Coops et al. 2004; Van Geest et al. 2005; Strayer & Findlay 2010). Rapid changes in water 
level may greatly increase erosion as these previously unexposed sediments are now subject to 
increased physical forces related to saturation, water drainage and wave action (Strayer & 
Findlay 2010). 
 
1.2 Urbanisation and stormwater 
 
As human populations continue to increase, so too does the area of urbanisation with associated 
impervious surfaces covering a catchment, reducing important ecological services such as 
rainwater infiltration (Mikkelsen et al. 1994; Cahill 2012) and aeration of plant roots (Gregory 
2008). Urbanisation generates contaminants in a variety of ways: earthworks and construction 
increase sedimentation, roading and transport increase levels of zinc, copper & hydrocarbons, 
and industrialisation and chemical usage increase levels of heavy metals and organic pollutants 
(Gadd et al. 2020). Impervious areas such as roofing, roads and sealed areas increase the 
collection of particulate and dissolved contaminants on these surfaces, facilitating their 
transport to the aquatic environment through rainfall events as urban stormwater (Morse et al. 
2003; Mackintosh et al. 2016; Charters et al. 2017). 
 
Unlike many other point sources of pollution, stormwater runoff poses a challenge in its highly 
variable nature, due to the intensity and duration of rainfall events as well as the length of dry 
periods between events (Bach et al. 2010; Charters et al. 2017). High concentrations of 
contaminants are introduced into the aquatic environment for a short time period through a 
phenomenon called “first-flush”; in which the initial volume of urban runoff contains the 
highest concentration of contaminants in rainfall events (Bach et al. 2010; Brix et al. 2010). 
Stormwater runoff is of major concern as it is generally polluted to some extent with organic 
matter, nutrients (nitrogen & phosphorous) and can contain heavy metal pollutants (e.g zinc, 
copper, lead & aluminium) which do not degrade in the environment, creating a potential for 




al. 2007; Ekeanyanwu et al. 2010; Cahill 2012; Cardwell et al. 2013; Ramakrishnan Anu et al. 
2018). 
 
Camargo et al. (2005) reviewed the toxicity of nitrates to freshwater invertebrates and found 
that toxicity increases with concentration and exposure times. The main toxic affect being the 
conversion of oxygen-carrying pigments (e.g haemoglobin) to forms incapable of performing 
this function (e.g methaglobin). Heavy metals generally exist in low levels in water, attaining 
considerable concentrations amongst sediments and biota (Ekenyanwu et al. 2010; Mackintosh 
et al. 2016). Contaminated sediments can act as a significant source of heavy metals to the 
aquatic environment, as metals dissolved in the sediment or weakly bound to sediment particles 
can become released into the water column (Allinson et al. 2015; Mackintosh et al. 2016). 
These metals are then available for uptake beginning at the base of the food chain (Rouff et al. 
2013). For instance, Zinc oxide (ZnO) is an inorganic compound with a variety of common 
commercial applications such as roofing materials and rubber. Saxena & Harish (2019) were 
able to demonstrate the toxic effects of ZnO nano-particles through its suppression on growth 
rate of the freshwater algae Coelastrella terrestris. Gadd et al. (2020) investigated the current 
state of water quality indicators in urban streams around New Zealand and found that 
concentrations of zinc and ammonia increased with increasing proportion of urban land cover 
at their sample sites. Continuous inputs of contaminated stormwater can lead to sediment 
contamination and degradation of aquatic ecosystems (Dunbabin & Bowmer 1992; Rouff et al. 
2013). 
 
Stormwater that has been contaminated by human or animal excretions is likely to contain a 
range of pathogenic microbes such as Escherichia coli (E. coli) and enterococci, which pose a 
health risk to the public when ingested or when in contact with skin (MfE 2003; MfE 2017). 
The New Zealand Ministry for the Environment has set minimum acceptable thresholds for 
detectable levels of E. coli within freshwater for recreation use. A threshold of 540 colony 
forming units (cfu) per 100 mL has been set for primary contact (full submersion) and 1000 
cfu per 100 mL for secondary contact (occasional immersion, wading & boating) (MfE 2017). 
While often the ill-effects of exposure to contaminated water is minor there is potential for 
much more serious infectious diseases such as Hepatitis A, giardia, campylobacter & 




chains requires an understanding of both local environmental conditions and the community 
composition. 
 
1.3 Biological indicators in freshwater ecosystems 
 
Humans have had and continue to have profound effects on freshwater ecosystems through the 
introduction of contaminants, hydrological alteration, habitat degradation and altering sources 
of available energy. Traditionally, attempts to investigate anthropogenic impact on water 
quality have focused around the physiochemical analysis of waterbodies (Karr 1991). 
However, these methods are unable to assess the impact on biological communities and require 
complex and expensive methodology, leading to an unfortunate irregularity of monitoring 
(Beck & Hatch 2009). Biological communities reflect the conditions of their environments as 
many groups of organisms are highly sensitive to the environmental pressures influencing 
freshwater ecosystems (Karr 1981). This sensitivity to anthropogenic impacts make freshwater 
organisms excellent candidates for indicators of environmental quality (Karr 1981; Armitage 
et al. 1983; Beck & Hatch 2009). Several biotic indices have been developed over the past 40 
years using a wide range biological indicators (fish, macroinvertebrates, macrophytes, plankton 
& periphyton) to reflect complex biological data and water quality with a relative ease of 
communication between scientists, managers and the public (Stark 1998; Beck & Hatch 2009). 
Karr (1981) proposed the index of biotic integrity (IBI) as a method to rapidly and cost 
effectively assess ecosystem health using fish communities as bioindicators in the United 
States. The Biological Monitoring Working Party (BMWP) developed a scoring system using 
macroinvertebrates to assess the condition of lotic systems in the United Kingdom, attributing 
scores to families of macroinvertebrates based on their sensitivity to organic pollution and thus 
oxidative stress (Chesters 1980; Armitage et al. 1983). However, the BMWP score uses a 
presence/absence approach and is therefore unable to account for changes in community 
structure attributable to environmental stress and pollution (Armitage et al. 1983). Clayton & 
Edwards (2006) also proposed the use of submerged macrophytes as cost effective indicators 
of ecological condition of the littoral zone across a range of New Zealand lakes. 
 
Benthic macroinvertebrates have been well established for use in biomonitoring, as biological 
surveys of communities are a sensitive, fast and accurate tool for detecting alterations to aquatic 




sensitivity to anthropogenic disturbance and their relatively sedentary lifestyles allow for 
simple qualitative field sampling methods that then allow environmental managers to 
potentially infer environmental impacts relatively easily (Berkman et al. 1986; Cairns & Pratt 
1993; Camargo et al. 2005; Beck & Hatch 2009). It must be stated however, that the application 
of each biological indicator will differ between geographical regions as the distribution of 
benthic macroinvertebrates indicative of environmental impairment is variable (Beck & Hatch 
2009). A macroinvertebrate community index (MCI) for water quality of stony bottomed 
streams was developed specifically for New Zealand stream conditions, by allocating scores to 
taxa based on their sensitivity to pollution (Stark 1985). Since its inception, the MCI has been 
widely applied by freshwater managers to infer water quality of streams by using 
macroinvertebrate data as a biomonitoring tool, however it is limited in its application as it 
only accounts for presence/absence data of taxa (Stark 1985; Stark 1998). New indices have 
been derived from the MCI, such as the QMCI, a quantitative approach that accounts for the 
relative abundances within taxa, or the SQMCI, a semi-quantitative approach that requires 
fewer replicates than the QMCI and is able to achieve a similar level of precision with reduced 
cost and effort (Stark 1998). As of yet no macroinvertebrate biological surveying tools have 
been designed for the specific application on New Zealand lake shore environments. 
 
1.4 Lake Wanaka and Wakatipu – an overview 
 
Both Lake Wanaka (Lat 44.5ºS, 169.1ºE) and Lake Wakatipu (Lat 45.1ºS, 168.5ºE) are large, 
glacially fed, monomictic, oligotrophic lakes, with mountainous catchments, and are situated 
at the base of the Southern Alps within the Queenstown Lakes District in the Otago region of 
the South Island, New Zealand (Jolly 1968). Lake Wanaka has a lake surface area of 192 km2, 
a maximum depth of 311 m, and is situated 281 m above sea level. Lake Wakatipu has a surface 
area of 291 km2, a maximum depth of 380 m and is situated 309 m above sea level. Most land 
use surrounding these large South Island Lakes are primarily agricultural pastoral lands for 
grazing, however population growth has resulted in expanding areas of urban development. 
The Queenstown Lakes District has been identified as a high growth area of New Zealand with 
an ever increasing demand for housing and associated services. The current population estimate 
of the Queenstown Lakes District from the 2018 census is 39,153 permanent residents (Wanaka 
= 9500; Queenstown = 13,433), with a projected increase of 12,760 new residents between the 




QLDC 2020). This population increase will undoubtedly have an effect on the aquatic 
communities of these lakes with increased demands for housing and roading, potentially 
leading to increased transport of anthropogenic contaminants into the these lentic ecosystems 
(Morse et al. 2003; Mackintosh et al. 2016; Charters et al. 2017; Gadd et al. 2020). 
 
A study by Grant (2020), that investigated the water quality of stormwater runoff into Lake 
Wanaka showed that storm events actively degrade water quality of inflows entering the lake, 
with stormwater outfalls displaying higher concentrations of contaminants compared to natural 
inflows. Contaminant concentrations were found to be lower during baseflow conditions than 
those observed during storm events and Impervious surface area was positively correlated with 
increased turbidity, suspended sediments and total phosphorus. The study also observed 
differences in  runoff characteristics and contaminant loads between sub-catchments, 
illustrating the highly site specific variability of stormwater. 
 
1.5 Thesis outline 
 
The aim of this study was to address whether littoral-benthic macroinvertebrate communities 
could be used as an effective biomonitoring tool, using methods accessible to local 
communities, in detecting the effects of anthropogenic disturbance in the form of stormwater 
runoff in two South Island oligotrophic lakes. 
 




In this chapter I investigate the littoral-benthic invertebrate communities of Lake Wanaka, and 
how they vary in relation to proximity to stormwater outlets entering the lake, a likely source 











As results from the previous chapter indicate that exposure to stormwater runoff affects the 
invertebrate community composition in the littoral-benthos of Lake Wanaka, in this chapter I 




In this chapter I investigate the generality of the findings from chapter 2 in terms of responses 
of key biomonitoring taxa of both Lake Wanaka and Wakatipu and how they vary in regards 




This chapter is used to summarize the findings from the previous chapters and to propose future 
























Over the past few decades, the proportion of the natural landscape covered by urban 
development has significantly increased within the Queenstown Lakes District area. For 
instance, the impervious surface of the Wanaka township has increased from approximately 
65.3 ha in 1968 to 384.4 ha in 2018 (Grant 2020). As such, stormwater runoff might be 
expected to play an important role in shaping the littoral-benthic macroinvertebrate 
communities of Lake Wanaka (Chadwick et al. 2006; Hill et al. 2015; Grant 2020). Stormwater 
runoff transports a wide range of potential contaminants (organic nutrients, heavy metals, 
pathogenic microbes etc.) from the urban environment to aquatic ecosystems during rainfall 
events, ultimately degrading water quality and ecological integrity (Vollenweider 1968; Kock 
et al. 1995; Brix et al. 2010; Abell et al. 2011; Rouff et al. 2013; Gadd et al. 2020). However, 
unlike many other point sources of pollution, stormwater runoff has a highly pulsative nature 
with high concentrations of contaminants being introduced into the aquatic environment over 
a short time period (Bach et al. 2010). The loading of such contaminants into the aquatic 
environment may potentially smother littoral habitats and the interstitial spaces necessary for 
aquatic biota (Denny 1988; Strayer & Findlay 2010), while the bioaccumulation of various 
pollutants in higher order trophic species are likely to cause adverse toxic effects (Kock et al. 
1995; Camargo et al. 2005; Larsson et al. 2007; Aruoja et al. 2009; Ekeanyanwu et al. 2010; 
Cahill 2012; Cardwell et al. 2013; Rouff et al. 2013; Muna et al. 2019; Saxena & Harish 2019). 
 
Due to the highly sensitive nature of many groups of macroinvertebrates, the abundance and 
diversity of benthic macroinvertebrates can vary significantly in relation to anthropogenic 
disturbance (Plafkin 1989; Rosenberg & Resh 1993). This sensitivity to anthropogenic 
disturbance can create identifiable patterns of change in macroinvertebrate community 
composition, as highly sensitive species, such as those belonging to the orders Ephemeroptera, 
Plecoptera & Trichoptera, have reduced abundances and diversity at elevated levels of 
pollution (Stark 1985; Plafkin et al. 1989; Rosenberg & Resh 1993; Hickey et al. 1994; Wallace 
et al. 1996; Barbour et al. 1999; Hickey et al. 1999; Menetrey at al. 2008; Hickey & Clements 
2009). While taxa that are generally considered pollution tolerant such as Oligochaeta and 
certain subfamilies of Chironomidae are relatively more abundant in nutrient enriched fine 




impacts (McLachlan 1970; Biggs & Malthus 1982; Quinn & Hickey 1990; Wilcock et al. 1995; 
Van den Berg 1997; Rosa et al. 2014; Timm & Haldna 2019). 
 
To assist with future management decisions regarding urban planning and stormwater drainage 
systems of the Wanaka township, it is important to know whether the littoral-benthic 
macroinvertebrate communities are affected by exposure to stormwater runoff, and how the 
community composition is altered by this anthropogenic disturbance. It was hypothesized that 
proximity to a stormwater outlet would have a significant effect on the littoral-benthic 
macroinvertebrate community in Lake Wanaka, with pollution sensitive taxa such as EPT 
displaying lower relative abundances at sites considered impacted, while pollution tolerant taxa 




2.2.1 Sample collection and sorting 
 
To investigate how the littoral-benthic macroinvertebrate community composition differed 
between sites considered impacted by urbanisation and those non-impacted across Lake 
Wanaka, twelve sites were selected a priori for sampling due to their direct proximity (within 
10m) to either a stormwater outlet – impacted (n=7), or fresh water source – non-impacted 
(n=5), entering the lake. Stormwater outlets were identified using QLDC GIS services, while 
one 6th, one 4th, two 3rd and one 2nd Strahler order streams were selected as the non-impacted 
sites. Between 20th – 22nd May 2019, four replicates were taken at each site at a depth of 0.5 m, 
with the water level of lake Wanaka ranging between 277.514 – 277.426 m. Invertebrate 
samples were collected using a kick-net method described by Tolonen & Hamalainen (2010), 
in which substrate over a 1 m2 area is kicked up for a total of 20 seconds as the sampler dragged 
the net through the sampling area. Site specific water temperature (°C), salinity (ppt), 
conductivity (µS/cm) & dissolved oxygen concentration (mgL-1) were recorded using a YSI 
multiparameter-sonde before every sample taken. Salinity was not included in analysis as 
recorded values were zero at each site. Macroinvertebrates for each sample were washed 
through a 500µm sieve, and those retained by this sieve were then stored in 90% ethanol and 
sorted in their entirety back in the laboratory under a dissecting microscope to the lowest 





Fig 2.1. Map of Lake Wanaka invertebrate sampling sites. Impacted sites are shown in red and Non-impacted 
sites are shown in green. 
 
2.2.2 Statistical analysis 
 
All statistical analysis were performed using RStudio 4.0.2. (R Core Team 2020). Taxonomic 
data were standardized from actual counts to proportional abundance (%) to better reflect 
community composition, as a highly abundant taxon may not be reflected as a high percentage 
if there are co-occurring highly abundant taxa. However a high percentage indicates that there 
are few or no other taxa present in a sample. 
 
Ordination was used to investigate the variation in invertebrate communities across sites and 
between groups (Impacted & Non-Impacted). Ordinations were performed using Non-Metric 
Multidimensional Scaling (NMDS) using the metaMDS function (Clarke 1993; Legendre & 
Legendre 1998). The Bray-Curtis distance was chosen to create the distance matrix, this 
statistic is used to quantify the compositional dissimilarity between different sites (Faith et al. 





The adonis function from the vegan package in R was used for permutational analysis of 
variance (PERMANOVA), testing for significant differences between the groups (McArdle & 
Anderson 2001; Anderson 2001). 999 permutations were run using the Bray-Curtis method to 
calculate distances. To test for the homogeneity of dispersion of the groups the betadisper 
function from the vegan package in R was used to calculate the average distance of group 
members to the group centroid; the null hypothesis of this test is that the average within group 
dispersion is the same for all groups (Anderson 2006). The distances between group members 
and the group centroid were then subject to analysis of variance (ANOVA).  
 
A similarity percentage analysis (SIMPER) was conducted to find the average contributions of 
each taxon to the average overall Bray-Curtis dissimilarity between the two groups. All taxa 
contributing to at least 95% of the Bray-Curtis dissimilarity are included (Clarke 1993). One-
Way ANOVA tests were used to assess differences between means of key invertebrate taxa 
and abiotic factors between the two groups. Data were square-root transformed to better meet 




A total of 64 macroinvertebrate taxa were identified from samples taken from the littoral-
benthos of Lake Wanaka, comprising of 14 taxa of Chironomidae, seven non-chironomid 
Diptera, two Ephemeroptera, four Plecoptera, 12 Trichoptera, two Odonata, four Hemiptera, 
two Coleoptera, five Mollusca, five Crustacea, two Annelida, one Nematoda, one Nemertea, 
one Lepidoptera & one Arachnida (see full list Appendix 1). The littoral-benthic invertebrate 
community of non-impacted sites were dominated by Oligochaeta in terms of proportional 
abundance (53.47%) (Fig 2.1) and frequency of occurrence, with Oligochaeta being found at 
18 of the 20 sites. Impacted sites were dominated by Potamopyrgus antipodarum (46.27%) and 
Oligochaeta (37.36%) (Fig 2.1), although Oligochaeta were detected at all 28 sites. 
Ephemeroptera, Plecoptera & Trichoptera (EPT) taxa constituted 18.43% and 4.58% on non-
impacted and impacted sites respectively, with Ephemeroptera and Plecoptera contributing less 
than 1% in the case of the latter; as Trichoptera dominated EPT composition at impacted sites 







Fig 2.1. Overall littoral-benthic macroinvertebrate community composition of Impacted and Non-impacted 
sites along the shores of Lake Wanaka. 
 
Figure 2.2 provides a visual representation of the variation in community structure between 
impacted and non-impacted sites, while the Shepard plot in Figure 2.3 illustrates scatter around 
the regression between ordination distance and the observed dissimilarity. The low scatter 
around the regression line indicates that the original dissimilarities are well preserved in the 
reduced dimensions of the NMDS (Non-Metric fit, R2 = 0.993). The PERMANOVA test 
indicates that the invertebrate community structure varied significantly between Impacted and 































0.001) (Table 2.1). However the PERMANOVA results may be influenced by non-
homogenous dispersion as differing levels of dispersion were found between the two groups 
(F = 4.2832, p = 0.04413) (Table 2.2).  
 
Table 2.1. PERMANOVA test comparing Bray-Curtis distances between groups (Impacted & Non-
impacted) using the adonis function. 
Source df SS MS F R2 p 
Group 1 2.1482 2.14819 15.955 0.25753 0.001 
 
Table 2.2. ANOVA testing the variance of the Bray-Curtis distances of group members (sites) and group 
centroids (Impacted/Non-Impacted). 
Source df SS MS F p 
Group 1 0.19956 0.199562 4.2832 0.04413 
 
 
Fig 2.2. NMDS bi-plot for littoral-benthic macroinvertebrate communities sampled at Impacted (n=7) and 
Non-impacted sites (n=5) along the shore of Lake Wanaka. Key taxa influencing the bray-curtis distances 






Fig 2.3. Shepard plot for Impacted/Non-Impacted nonmetric multidimensional scaling (NMDS) results. Red 
line signifies a perfect linear relationship between calculated and ordination distances. 
 
There was no significant difference in square-root transformed proportions of Chironomidae 
(one-way ANOVA: df = 1, F = 2.22, p = 0.143), (one-way ANOVA: df = 1, F = 1.524, p = 
0.223) and Crustacea (one-way ANOVA: df = 1, F = 1.531, p = 0.222) between impacted and 
non-impacted sites. However, there were significant differences detected for the square-root 
transformed proportions of EPT (one-way ANOVA: df = 1, F = 5.33, p = 0.0255), P. 
antipodarum (one-way ANOVA: df = 1, F = 70.16, p = 8.3 x 10-11), Coleoptera (one-way 
ANOVA: df = 1, F = 4.703, p = 0.0353), Hemiptera (one-way ANOVA: df = 1, F = 14.96, p = 
0.000344), and other Mollusca (one-way ANOVA: df = 1, F = 54.16, p = 2.64 x 10-9) between 
impacted and non-impacted sites. Boxplots of the square-root transformed distributions are 
displayed in Figure 2.5. Table 2.3 provides SIMPER analysis of the average contributions of 















Fig 2.5. Mean square-root transformed proportions of: A) Chironomidae, B) Oligochaeta, C) Crustacea, D) 
EPT, E) P. antipodarum, F) Coleoptera, G) Hemiptera, and H) other Mollusca taxa, at impacted and non-





Table 2.3. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 













Potamopyrgus 2.203e-01 1.228e-01 1.794 4.627e-01 2.902e-02 33.95% 
Oligochaeta 1.599e-01 9.861e-02 1.629 3.736e-01 5.347e-01 58.59% 
Deletidium 4.334e-02 1.159e-01 0.374 7.678e-06 8.668e-02 65.27% 
Mesoveliidae 3.042e-02 5.036e-02 0.604 4.908e-04 6.094e-02 69.96% 
Cladocera   2.528e-02 4.301e-02 0.588 1.188e-02 4.471e-02 73.85% 
Macropelopiini 2.003e-02 3.012e-02 0.665 3.242e-02 1.507e-02 76.94% 
Zealandobius 1.816e-02 4.964e-02 0.366 0 3.631e-02 79.73% 
Paroxyethira 1.661e-02 1.859e-02 0.894 1.772e-02 2.668e-02 82.29% 
Cricotopus 1.355e-02 1.780e-02 0.761 2.523e-03 2.784e-02 84.38% 
Acari 1.229e-02 1.374e-02 0.895 2.221e-02 1.509e-02 86.28% 
Pelechorynchidae 1.049e-02 2.884e-02 0.364 0 2.098e-02 87.89% 
Oxyethira 9.555e-03 1.191e-02 0.803 1.024e-02 1.540e-02 89.37% 
Eukiefferiella 8.489e-03 9.206e-03 0.922 2.591e-03 1.765e-02 90.67% 
Anisops 7.603e-03 3.112e-02 0.244 0 1.521e-02 91.84% 
Physa 6.507e-03 7.414e-03 0.878 1.341e-02 1.587e-03 92.85% 
Hudsonema 5.975e-03 1.031e-02 0.579 1.114e-02 4.502e-03 93.77% 
Hydroptilidae 4.721e-03 7.199e-03 0.656 3.097e-03 7.752e-03 94.50% 
Ceratopogonidae 4.648e-03 8.351e-03 0.557 1.923e-03 8.601e-03 95.21% 
 
There were no significant differences observed between impacted and non-impacted sites when 
comparing the abiotic factors dissolved O2, conductivity and temperature (Table 2.4). A list of 
the minimum, maximum and mean value for all abiotic factors measured at each group is 
displayed in Table 2.5. A full list of recorded values of abiotic factors can be found in Appendix 
2. 
 
Table 2.4. ANOVA results for abiotic factors compared between impacted and non-impacted sites in Lake 
Wanaka. 
Source df F p 
DO2 1 1.366 0.249 
Temperature 1 3.261 0.078 




Table 2.5 Abiotic factors measured in Lake Wanaka. Minimum-maximum and mean value recorded for 
impacted and non-impacted sites. 
 Impacted Non-impacted 
DO2 (mg L-1) 9.86 – 10.82 
10.117 
9.34 – 11.43 
9.943 
Temperature (°C) 10.8 – 12.8 
11.943 
5.1 – 12.9 
10.88 
Conductivity (µS/cm) 72.1 – 113.7 
80.886 





Differences in the community composition of littoral-benthic communities along the shore of 
Lake Wanaka were consistent with hypothesized impacts from impacts from urban runoff into 
the lake littoral environment. Contrasting patterns of invertebrate community structure were 
detected at sites classified a priori as non-impacted or impacted by urban run-off. Sites that 
were considered to be ‘non-impacted’ generally displayed higher proportions of pollution-
sensitive taxa, such as EPT, Hemiptera and Coleoptera; all of which showed significant 
negative relationships to impact. EPT have long been considered excellent bioindicators as 
these orders of insects are highly sensitive to anthropogenic disturbances (Stark 1985; Plafkin 
et al. 1989; Rosenberg & Resh 1993; Wallace et al. 1996; Barbour et al. 1999; Hickey et al. 
1999). Hickey & Clements (2009) found that New Zealand freshwater benthic invertebrates 
responded similarly to those of heavy metal polluted streams in the Northern Hemisphere, 
suggesting these communities respond to heavy metal pollution in a predictable fashion; with 
abundance and species richness of Ephemeroptera, EPT taxon richness and total taxonomic 
richness resembling the best indicators. Plecopterans are possibly the most pollutant intolerant 
of all aquatic insects as these have largely evolved in cold mountain streams experiencing 
minimal oxygen stress (Friedrich et al. 1992); however depletion of dissolved oxygen in the 
aquatic environment is often a consequence of anthropogenic impact (Chang et al. 2014). 
 
Unsurprisingly Oligochaeta were the most dominant (non-impacted) or second most dominant 
taxon recorded (impacted), as these detritivorous worms have been well documented as being 
one of the most dominant benthic invertebrates in New Zealand waterways (Quinn & Hickey 




at non-impacted sites was higher than those of impacted sites. It must be considered that this 
study used a low taxonomic resolution for Oligochaeta with multiple species being grouped 
together, so responses to pollution may be occurring but undetected. Although there was no 
significant difference between the mean proportion of Oligochaeta at impacted and non-
impacted sites we must consider the use of Oligochaeta % relative to other dominant taxa in 
their environments. In many previous studies Oligochaeta and Chironomidae have been used 
together as indicators of a pollution gradient, enriched sediments and low O2 concentrations 
(McLachlan 1970; Ladel 1971; Saether 1979; Biggs & Malthus 1982; Quinn & Hickey 1990; 
Van den Berg 1997; Rosa et al. 2014; Timm & Haldna 2019). There was also no statistically 
significant difference between the relative abundance of Chironomidae found at impacted and 
non-impacted sites despite Chironomidae larvae being well documented as bioindicator taxa 
along disturbance gradients (Saether 1975; Saether 1979; Michailova 2012; Rosa et al. 2014). 
Although, this is not altogether unsurprising as Chironomidae are known to be able to tolerate 
a wide range of environmental factors such as: temperature, oxygen, salinity & trophic state 
(Mederios & Quinlan 2011). A further investigation into the composition of the Chironomidae 
assemblage of impacted and non-impacted sites in Lake Wanaka is presented in Chapter 3. 
 
Potamopyrgus antipodarum and other Mollusca taxa showed significant positive relationships 
with impact. Potamopyrgus antipodarum inhabit an incredible variety of aquatic ecosystems 
around the globe (Alonso & Castro-Diez 2008; Romero-Blanco & Alonso 2019), and typically 
dominate the invertebrate community composition in New Zealand lakes (James et al. 2000). 
Potamopyrgus antipodarum comprised 2.9% of all non-impacted sites and 46.27% of all 
impacted sites. Gray (1989) suggests that common responses of invertebrate communities to 
stress are reductions of diversity and dominance of opportunistic species. These results suggest 
that P. antipodarum shows promise as a useful bioindicator species for detecting levels of urban 
impact in New Zealand high-country lentic systems. 
 
Interestingly, there was no significant differences between the physiochemical factors 
measured between impacted and non-impacted sites, but a significant difference in community 
composition was still observed between treatments. The composition of macroinvertebrate 
communities within the shore zone of lakes display high degrees of spatial complexity across 
multiple scales (Stoffels 2003; Zawal et al. 2017). This fine scale spatial complexity tends to 




physiochemical and geographical parameters are applied at finer scales of habitat that the 
structure of invertebrate communities can be explained. Many potential sources for variation 
remain unaddressed in this study, such as pH, turbidity, shore slope, topographical roughness, 
fetch, sediment organic content, coverage of macrophyte beds, stormwater contaminant 
profiles and volume of discharge. As such, the conclusions drawn on the effect of stormwater 
runoff on littoral-benthic invertebrate community composition must remain cautious, although 
it should be noted that the patterns observed remain consistent with a negative impact from 
urban run-off – reduced biodiversity, reduction of sensitive EPT taxa, and increased proportion 
of tolerant taxa. 
 
Biological indicators are incredibly effective tools for expressing complex biological data and 
water quality with a relative ease of communication between scientists, managers and the 
public (Stark 1998; Beck & Hatch 2009). For biological indicators to be effective in inferring 
environmental degradation of lakes and to be applicable across geographic ranges methodology 
will need to be fast, cost-effective and reproducible. Higher taxonomic resolution is much more 
time consuming and will require higher levels of expertise in macroinvertebrate identification, 
and while species level data will provide the most information, often identification to genus, 
family or order level can be used to detect differences between sites (Armitage 1983); although 
these will fail to detect the true measure of diversity and may obscure information present in 
taxa rich groups of invertebrates such as Chironomidae. A higher level of taxonomic resolution 











Effects of anthropogenic disturbance on Chironomidae community 

















The Dipteran family Chironomidae are the most widely distributed group of freshwater insects, 
with some estimates of 15,000 species of Chironomidae worldwide (Cranston 1995; Ferrington 
2008). Adult Chironomidae are short-lived two-winged non-biting midges, displaying an 
almost instant readiness to mate post-emergence from their pupal stage (Armitage 1995). Most 
Chironomidae larvae display a fully aquatic larval stage of development across a wide array of 
aquatic environments from lotic to lentic, and even ephemeral pools; as well as in brackish and 
even marine environments (Cranston 1995). Some genera of Chironomidae in the Northern 
Hemisphere even display a fully terrestrial larval stage, inhabiting humic soils or decaying 
vegetation (Cranston 1987; Cranston 1995). 
 
The diversity of littoral-benthic Chironomidae communities is shaped by a variety of different 
factors: physical (wave action & topographical roughness), substrate size (coarse/fine), 
chemical (O2, N & P), physiological adaptations, food quality & quantity, and competition. For 
instance, lake littoral zones exposed to high wave action have higher O2 concentrations and 
maintain more coarse substrates due to the removal of finer substrate. Such habitats can support 
Chironomidae assemblages that are comparable to those in stony riffles, usually dominated by 
the subfamily Orthocladiinae, which exhibit a low tolerance to a reduced O2 environment 
(Pinder 1995; Panis 1996). Soft sediments that are rich in organic matter and have high levels 
of O2 consumption create the low O2  environments, and are typically dominated by more 
resilient subfamilies such as Chironominae (Alsterberg 1922; Cranston 1988; Pinder 1995; 
Wilcock et al. 1995). 
 
Chironomidae display a range of behavioural and physiological adaptations that make many 
representatives of this family incredibly tolerant to low O2 and even anoxic sediments 
(Cranston 1988; Pinder 1995; Panis 1996; Kornijów & Pawlikowski 2015). Chironomidae also 
display an amazing flexibility of feeding strategies and ability to adapt to local conditions (Berg 
1995). Chironomidae belong to several functional feeding groups (collector-gatherers, filter-
feeders, algal scrapers, shredders, engulfers and predators), but are certainly not constrained to 
ingesting a single food source or even to a single feeding strategy, in fact most Chironomidae 




1979; Cummins & Klug 1979; Berg 1995). The availability of food influences larval growth 
rates, population densities, biomass and fecundity of adults (Marker 1976; Pinder 1977; 
Cattaneo 1983; Johnson & Pejler 1987; Palavesam & Muthukrishnan 1992).  
 
Saether (1979) showed that distributions of key Chironomidae species had successful 
applications as indicators of low water quality and nutrient enrichment across multiple trophic 
states (oligotrophic, mesotrophic & eutrophic) of 50 Norwegian lakes. Kansanen et al. (1990) 
found Chironomidae community compositions were able to detect a pollution gradient in a 
Finnish lake using the chironomid benthic quality index (BQI) developed by Weiderholm 
(1980). However, when chironomid indicator species were not detected, classification of water 
quality by BQI failed (Kansanen et al. 1990). Jyväsjärvi et al. (2014) expanded on the BQI to 
include all common profundal-benthic macroinvertebrate species, finding that reference 
conditions were more accurately predicted from environmental variables, as well as having 
higher sensitivity in detecting impacted sites, than the BQI. Chironomid diversity has also been 
shown to be a useful measure for estimating anthropogenic disturbance over time (Milosevic 
et al. 2011)  
 
While Chironomidae have been well documented as a dominant benthic macroinvertebrate in 
New Zealand freshwaters (Forsyth 1971; Forsyth 1978; Weatherhead & James 2001) and their 
effectiveness as a biomonitoring tool in detecting anthropogenic disturbance has been 
demonstrated (Saether 1979; Weiderholm 1980; Kansenen et al. 1990; Milosevic et al. 2012; 
Jyväsjärvi et al. 2014), little effort has been made to investigate the use of chironomids in 
detecting anthropogenic disturbance of New Zealand lentic systems. To assist with future 
development of useful biotic indicators of water quality within New Zealand large lentic 
ecosystems it is important to investigate whether the Chironomidae community composition 
displays any pattern relative to an anthropogenic disturbance gradient. It was hypothesized that 
proximity to a stormwater outlet would have a significant effect on the littoral-benthic 








3.2.1 Sample collection 
 
To investigate how the Chironomidae community composition differed between sites 
considered impacted by urbanisation and those non-impacted across Lake Wanaka, twelve sites 
were selected a priori for sampling due to their direct proximity (within 10m) to either a 
stormwater outlet – impacted (n=7), or fresh water source – non-impacted (n=5), entering the 
lake. Stormwater outlets were identified using QLDC GIS services, while one 6th, one 4th, two 
3rd and one 2nd Strahler order streams were selected as the non-impacted sites. Between 20th – 
22nd May 2019, four replicates were taken at each site at a depth of 0.5 m, with the water level 
of lake Wanaka ranging between 277.514 – 277.426 m. Invertebrate samples (n=48) were 
collected using a kick-net method described by Tolonen & Hamalainen (2010), in which 
substrate over a 1 m2 area is kicked up for a total of 20 seconds as the sampler dragged the net 
through the sampling area. Chironomidae larvae that were collected by littoral-benthic kick-
net samples from Lake Wanaka between the 20th – 22nd of May 2019 were sorted out from total 
macroinvertebrate samples back in the laboratory under dissecting microscope. In order to 
identify Chironomidae larvae to higher taxonomic levels, larvae were digested in 10% 
potassium hydroxide (KOH) on a 200°C hotplate for 2-5 minutes and were then mounted on 
microscope slides and preserved using glycerol. Mounted chironomid larvae were then 
identified to subfamily and genus levels under a compound microscope using key 
morphological features of the head capsule (ligula, mentum shape, number of teeth, paralabial 







3.2.2 Statistical analysis 
 
All statistical analysis were performed using RStudio 4.0.2. (R Core Team 2020). A one-way 
analysis of variance (ANOVA) was used to test for statistically significant differences for 
Chironomidae taxon richness between impacted and non-impacted sites. 
A one-way multivariate analysis of variance (one-way MANOVA) was used to test for 
statistically significant differences for multiple response variables (log transformed abundance 
of Chironomidae subfamilies) between impacted and non-impacted sites (Anderson 2001). 





A total of 14 unique genera of Chironomidae larvae were identified in this study of the littoral-
benthos of Lake Wanaka. These unique taxa belonged to five subfamilies: Tanypodinae, 3 
genera, Chironominae, 5 genera, Orthocladiinae, 3 genera, Podonominae, 2 genera, and 
Diamesinae, 1 genus, (see full list Appendix 3). A description of overall chironomid 
community composition for each sites considered impacted and non-impacted is presented in 
Figure 3.2. Six genera of Chironomidae larvae were found exclusively at sites classified as 
impacted, two genera were found exclusively at sites classified as non-impacted, while six 
genera were found to be shared by impacted and non-impacted sites. The total counts and 
proportional abundances (%) of each chironomid subfamily, as well as the chironomid taxon 














Table 3.1. The total counts and proportional abundances (%) of each chironomid subfamily, as well as the 
chironomid taxon richness collected from sites along the Lake Wanaka shoreline. 
Site 
ID 




1 Impacted 177 (80.82%) 27 (12.33%) 14 (6.39%) 1 (4.46%) - 10 
2 Impacted 83 (83%) 6 (6%) 11 (11%) - - 6 
3 Impacted 1 (4.55%) 1 (4.55%) 18 (81.82%) 1 (4.55%) 1 (4.55) 6 
4 
Non-
Impacted - - - - - 0 
5 
Non-
Impacted 12 (12.24%) - 86 (87.76%) - - 3 
6 
Non-
Impacted 25 (38.46%) 8 (12.31%) 32 (49.23%) - - 7 
7 
Non-
Impacted - 2 (3.23%) 60 (96.77%) - - 3 
8 
Non-
Impacted 83 (49.11%) 5 (2.96%) 81 (47.93%) - - 7 
9 Impacted - 4 (25%) 12 (75%) - - 4 
10 Impacted - - 3 (100%) - - 3 
11 Impacted - - - - - 0 
12 Impacted 1 (9.09%) - 6 (54.55%) - 4 (36.36%) 4 
 
There was no significant difference between sites considered impacted and those considered 
non-impacted for Chironomidae taxon richness (one-way ANOVA: F = 0.188, df = 1, p = 
0.667: Table 3.2). However, the use of a one-way MANOVA showed a statistically significant 
difference between impacted and non-impacted sites for the total abundances of Chironomidae 
subfamilies (one-way MANOVA: F = 0.37, df = 1, p = 0.001105: Fig 3.1). A one-way ANOVA 
between impacted and non-impacted sites for the log transformed abundances of each 
Chironomidae subfamily was conducted, no significant difference was found for the 
subfamilies: Tanypodinae (one-way ANOVA: df = 1, F = 0.202, p = 0.655), Chironominae 
(one-way ANOVA: df = 1, F = 0.127, p = 0.724), and Diamesinae (one-way ANOVA: df = 1, 
F = 0.71, p = 0.404). However there was a statistically significant difference detected between 
impacted and non-impacted sites for Orthocladiinae (one-way ANOVA: df = 1, F = 21.97, p = 






Table 3.2. ANOVA testing the mean Chironomidae taxon richness between impacted and non-impacted sites 
of Lake Wanaka. 
Source df SS MS F p 




Fig 3.1. log transformed abundances of Chironomidae subfamilies per m2 sampled at impacted (n=7) and 
non-impacted (n=5) sites along the Lake Wanaka shoreline. 
 
 
Table 3.3. ANOVAs testing the log transformed abundance between impacted and non-impacted sites for 
all subfamilies of Chironomidae collected from Lake Wanaka. 
Source df SS MS F p 
Group/Tanypodinae 1 0.77 0.77 0.202 0.655 
Group/Chironominae 1 0.008 0.008 0.127 0.724 
Group/Podonominae 1 - - - - 
Group/Diamesinae 1 0.003 0.003 21.97 2.49 x 10-5 







Fig 3.2. Overall community composition of Chironomidae subfamilies identified at impacted and non-
impacted sites. Purple = Tanypodinae, Blue = Chironominae, Green = Orthocladinae, Yellow = 




















The results of this study suggest that higher taxonomic resolution of identification of 
Chironomidae presents an effective biomonitoring tool for freshwater managers, as indicated 
by  the subfamily Orthocladiinae showing a very strong pattern between abundance and 
anthropogenic impact. Log transformed abundance of Orthocladiinae collected from non-
impacted sites were significantly higher than those from impacted sites, while there were no 
significant differences detected between log transformed abundance of the subfamilies 
Chironominae, Tanypodinae, Podonominae, or Diamesinae at sites considered impacted and 
non-impacted. Cranston (1988) showed that Orthocladiinae possess much less concentrations 
of haemoglobin than Chironominae and most Tanypodinae. Higher concentrations of 
haemoglobin provide an adaptive trait allowing for more effective O2 transport than by 
diffusion alone, as chironomid haemoglobin has a high affinity for oxygen allowing for its 
saturation with oxygenated water and release when O2 demands require it (Cranston 1995; 
Panis et al. 1996). Low O2 environments are characteristic of anthropogenic disturbance, as 
nutrient enrichment accelerates production of aquatic phytoplankton (Wilcock et al. 1995; 
Abell et al. 2010; Abell et al. 2011; Qu et al. 2017), an important food source for many 
Chironomidae, whose high population densities and growth rates increase the rates of benthic 
O2 consumption (Alsterberg 1922; Berg 1995). On the other hand, sedimentation affects the 
permeability of the soils, as those that are saturated and fine-grained have low redox potential 
and thus are poor habitats for many species due to low levels of dissolved O2 (McLachlan 1983; 
Denny 1988; Strayer & Findlay 2010). 
 
The results of this study suggest that the chironomid subfamily Orthocladiinae may be an 
effective biomonitoring tool for the identification of anthropogenic disturbance gradients in 
New Zealand lentic systems. The reduced abundances of Orthocladiinae seen at impacted sites 
is indeed interesting, but is unlikely to tell us the full picture of the ongoings of the lake littoral 
without addressing the many covariate factors that have been unaccounted for in this study, as 
the response pattern shown is more realistically the result of a response to multiple-stressors 
working at relatively minor levels of anthropogenic disturbance. Variation in dissolved oxygen, 
conductivity and temperature among sites is very low. While sites identified as impacted in this 
study are not severely impacted when compared to reference literature, so it would not be 




response pattern of Orthocladiinae make them excellent potential candidates as a bioindicator 
in biomonitoring of New Zealand lakes, and whilst the process of identification below the 
family level is arduous and requires a certain level of expertise above that of the layperson the 
information able to be inferred within Chironomidae assemblages in regards to anthropogenic 











Comparative study of the invertebrate communities of Lake 















As the resident population of the Queenstown Lakes District is estimated to rise above 70,000 
by the year 2050 (QLDC 2020), so too will the demand for urban spaces and dwellings. This 
population boom will vastly increase the current proportion of land covered with impervious 
surfaces such as roofing and roads that facilitate the collection of contaminants and their 
corresponding transport to the aquatic environment (Morse et al. 2003; Mackintosh et al. 2016; 
Charters et al. 2017). Stormwater runoff is able transport a wide variety of contaminants from 
urban areas to the aquatic environment, such as sediments, nitrogen, phosphorous, and heavy 
metals (Gadd et al. 2020); and is highly variable, temporally, in the volume discharge and in 
the concentration of contaminants it transports (Bach et al. 2010; Charters et al. 2017). The 
effects of stormwater runoff on the aquatic environment are likely to illicit some predictable 
responses in the littoral-benthic macroinvertebrate community, as many groups of freshwater 
invertebrates show high sensitivity to anthropogenic disturbance (depleted dissolved O2 
concentrations, N & P nutrient enrichment, heavy metal toxicity). For instance, Camargo et al. 
(2005), showed the adverse effects of nitrate toxicity on freshwater invertebrates at increasing 
concentrations and exposure times. While Hickey & Clements (2009) showed that abundance 
and richness of Ephemeroptera , as well as EPT taxon richness, were all negatively affected by 
the heavy metals cadmium, copper, lead and zinc in streams in the North Island of New 
Zealand.  However, understanding the underlying mechanisms of how stormwater affects 
natural aquatic communities remains problematic due to the highly pulsative nature of 
stormwater (Bach et al. 2010; Charters et al. 2017). This variability in volume and 
concentration means the measurement of contaminants within stormwater inputs into the lake 
and understanding the potential for acute or chronic stress from these contaminants is 
challenging to say the least. 
 
As described in the previous chapters the local littoral-benthic invertebrate community of Lake 
Wanaka showed clear patterns in discriminating between impacted and non-impacted sites. 
Relative proportion of EPT taxa was seen to decline with increasing levels of impact and the 
relative proportion of P. antipodarum increased with anthropogenic disturbance. To investigate 
whether these trends are applicable to other limnologically similar lakes, and not just a product 




effort was conducted across both Lake Wanaka and Lake Wakatipu so that a comparative 
analysis could be conducted. If the patterns observed initially in Lake Wanaka hold true in 
Lake Wakatipu, then this study provides strong grounds for the development of a littoral-
benthic macroinvertebrate community index for the detection of anthropogenic disturbance in 
large oligotrophic lakes in the South Island of New Zealand. It was hypothesized that littoral-
benthic macroinvertebrate communities of both Lake Wanaka and Lake Wakatipu would show 
significant differences between differing levels of urban impact. It was also hypothesized that 
the relative abundance of EPT taxa would show a negative relationship with increasing levels 
of urban impact, while P. antipodarum would show the opposite trend and display a positive 




4.2.1 Sample collection and sorting 
 
To investigate how the littoral-benthic macroinvertebrate communities differed in relation to 
distance from a stormwater outlet 172 sites with adequate roadside access to the lake were 
haphazardly selected for sampling across Lake Wanaka (n=92) & Lake Wakatipu (n=80) 
between the 29th of October and the 3rd of November. Sites were assigned to one of three groups 
designed to represent an urban impact gradient (UIG) on an increasing scale based on the 
distance from the sample site to the nearest stormwater outlet, to capture a wide range of 
anthropogenic effects and possible dilution. Sites between 0 – 1000 m distance to a stormwater 
outlet were classified as high impact (H)(Wanaka n=30, Wakatipu n=40), sites between 1000 
– 10,000 m were classified as medium impact (M)(Wanaka n=35, Wakatipu n=30), finally sites 
with a distance greater than 10,000 m to the nearest stormwater outlet were classified as low 
impact (L)(Wanaka n=27, Wakatipu n=10). Stormwater outlets were identified using QLDC 
GIS services and their distances from sample sites were calculated using Google Earth (Google 
Inc. 2020). At each site invertebrate samples were collected at a depth of 0.5m using a kick-net 
method described by Tolonen & Hamalainen (2010), in which substrate over a 1m2 area was 
kicked up for a total of 20 seconds as the sampler dragged the net through the sampling area. 
The water level of lake Wakatipu between the 29th – 31st October ranged between 310.335 – 





Site specific water temperature (°C), salinity (ppt), conductivity (µS/cm), dissolved oxygen 
concentration (mgL-1) & dissolved oxygen % saturation were recorded using a YSI 
multiparameter-sonde before every sample taken. Salinity was removed from further analysis 
as all sites measured 0.0 ppt, while dissolved oxygen % saturation was also removed as this 
displayed collinearity with dissolved oxygen concentration. An average sediment score for 
each site was calculated by using a modified version of Cummins (1962) substrate 
classification, in which a visual estimate of the % coverage of four types of substrate (1 = 
silt/sand ~>1mm, 2 = gravels/pebbles ~1-70mm, 3 = cobbles ~70-250mm, & 4 = boulders 
>250mm) was taken, each score was multiplied by its % coverage and added together. Two 
water samples were collected in acid washed 50mL Falcon® tubes at each site before kick-
netting. Water samples for total nitrogen (TN) & total phosphorus (TP) analysis were collected 
straight from the lake, whereas water samples for the analysis of the dissolved nutrients; nitrate 
(NO3-), nitrite (NO2-), dissolved reactive phosphorus (DRP) & ammonia (NH3); where filtered 
first through glass microfibre filter paper. TN & TP were simultaneously oxidised using a boric 
acid (H3BO3) – sodium hydroxide (NaOH) system starting at pH 9.7 and ending at pH 5.6 
(Valderrama 1981; Ebina et al. 1983). NO2- & NO3- concentrations were determined using a 
cadmium reduction method in which the sample is passed through a column containing 
granulated copper-cadmium to reduce the nitrate to nitrite. The nitrite (originally present plus 
reduced nitrate) is determined by diazotizing with sulfanilamide and coupling with α-
naphthylehylenediamine dihydrochloride to form a highly coloured azo dye which is measured 
at 540 nm (Morris & Riley 1963; Wood et al. 1967). DRP is determined by reacting ammonium 
molybdate and potassium antimony tartrate in an acidic medium with diluted solutions of 
phosphate to form an antimony-phospho-molybdate complex. This complex is reduced to an 
intensely blue-coloured complex by ascorbic acid. The complex is measured at 880nm 
(Murphy & Riley 1963; Greenberg et al. 1992). Concentrations of NH3 were determined by 
chlorinating ammonia to monochloramine which then reacts with phenol. After oxidation and 
oxidative coupling a green coloured complex is formed. The reaction is catalysed by 
nitroprusside, sodium hypochlorite is used for chlorine donation. The absorption of the 
complex is measured at 630nm (Bertholet 1859; Soloranzo 1969). For further statistical 
analysis all values of concentrations that were below the limit of observable detection (>1.0 





Macroinvertebrates for each sample were washed through a 500µm sieve, and those retained 
by this sieve were then stored in 90% ethanol and sorted in their entirety back in the laboratory 
under a dissecting microscope into 13 different categories; EPT (Ephemeroptera, Plecoptera, 
Trichoptera), Odonata, Chironomidae, Non-chironomid Diptera, Crustacea, Acari, Hemiptera, 
Coleoptera, P. antipodarum, Other Mollusca, Oligocheata & ‘other’ taxa (Lepidoptera, 
Nematoda, Nemertea, Platyhelminthes). 
 
 





Fig 4.2. Map of Lake Wakatipu stormwater outlets (1/2). 
 





Fig 4.4. Map of Lake Wanaka invertebrate sampling sites. 
 






All statistical analysis were performed using RStudio 4.0.2. (R Core Team 2020). Taxonomic 
data were standardized from actual counts to proportional abundance (%) to better reflect 
community composition, as a highly abundant taxon may not be reflected as a high percentage 
if there are co-occurring highly abundant taxa. However a high percentage indicates that there 
are few or no other taxa present in a sample. 
 
Ordination was used to investigate the variation in invertebrate communities across sites and 
between groups (UIG: low, medium & high; Lake: Wakatipu & Wanaka). Ordinations were 
performed using Non-Metric Multidimensional Scaling (NMDS) using the metaMDS function. 
The Bray-Curtis distance was chosen to create the distance matrix, this statistic is used to 
quantify the compositional dissimilarity between different sites. The results of the NMDS were 
presented as bi-plots. 
 
The adonis function from the vegan package in R was used for permutational analysis of 
variance (PERMANOVA), testing for significant differences between the groups. 999 
permutations were run using the Bray-Curtis method to calculate distances. To test for the 
homogeneity of dispersion of the groups the betadisper function from the vegan package in R 
was used to calculate the average distance of group members to the group centroid; the null 
hypothesis of this test is that the average within group dispersion is the same for all groups. 
The distances between group members and the group centroid were then subject to analysis of 
variance (ANOVA). 
 
A similarity percentage analysis (SIMPER) was conducted to find the average contributions of 
each taxon to the average overall Bray-Curtis dissimilarity between two groups at a time. All 
taxa contributing to at least 95% of the Bray-Curtis dissimilarity are included. One-Way 
ANOVA tests were used to assess differences between means of key invertebrate taxa between 
the two groups. Data were square-root transformed to better meet ANOVA assumptions of 
normality and homoscedasticity. 
 
Redundancy analysis (RDA) was used to create ordinations summarising the patterns of 




returns the total variance in the form of constrained and unconstrained variance, with 
constrained variance showing how much variation in the response variables has been made 
redundant by the variation in the explanatory variables. ANOVA like permutation tests were 
used to test for the significance of the RDA ordinations in their entirety and by each RDA axis. 
The ordiR2step function from the vegan package in R was used to perform forward model 
choice selection based on R2 and p-values for the RDA ordination, this provided the most 
important explanatory variables in explaining constrained variance. A parsimonious RDA was 
then designed using the explanatory variables obtained using ordiR2step and an ANOVA like 
permutation test was applied to the entire parsimonious RDA and each of its axes.  
 
Lastly ANOVAs were used to test for significant differences in the values obtained for abiotic 
factors recorded for differing distances from the nearest stormwater outlet within and between 




4.3.1 Lake Wanaka invertebrate community analysis 
 
With increasing levels of urban impact in Lake Wanaka the invertebrate community structure 
lost much of the EPT taxa representative of more pristine environmental quality and moved 
towards an Oligochaeta and P. antipodarum dominated community. Figure 4.6 provides a 
visual representation of the overall community structure of sites considered low, medium and 
high urban impact. NMDS ordination plots were used to represent the dissimilarity between 
Lake Wanaka sampling sites in a 2-dimensional space (Fig 4.7 & 4.8). Objects with a smaller 
Bray-Curtis distance to one another are considered more alike than objects with a larger 
distance. The Shepard plot in Figure 4.9 illustrates scatter around the regression between 
ordination distance and the observed dissimilarity, the low scatter around the regression line 
indicates that the original dissimilarities are well preserved in the reduced dimensions of the 
NMDS. The PERMANOVA test indicates that the invertebrate community structure varied 
significantly between differing levels of urban impact in Lake Wanaka, although explained 
variation is very low (F = 13.008, R2 = 0. 22619, p = 0.001) (Table 4.1). However the 
PERMANOVA results may be influenced by non-homogenous dispersion as differing levels 




ANOVA results for each taxonomic group compared to distance to stormwater outlet are 
displayed in table 4.3. Square-root transformed proportion of Potamopyrugs (F = 22.65, p = 
1.12 x 10-8) and Oligochaeta (F = 24.39, p = 3.59 x 10-9) displayed significant positive 
relationships with increasing levels of urban impact while EPT taxa ( F = 4.94, p = 9.24 x 10-
3), Chrionomidae (F = 15.21, p = 2.08 x 10-6) and non-chironomid dipterans (F = 8.607, p = 
3.83 x 10-4) displayed significant negative relationships.  Boxplots of square-root transformed 
distributions are displayed in Figure 4.10. 
 
 
Fig 4.6 Overall littoral-benthic macroinvertebrate community composition of sites considered low, medium 








Fig 4.7. NMDS bi-plot for littoral-benthic macroinvertebrate communities sampled along the shore of Lake 
Wanaka (n=92). Blue squares indicates all sites considered Low urban impact, the green triangles are all 
sites considered Medium urban impact and red circles are all sites considered High urban impact. Ellipses 




Fig 4.8. NMDS bi-plot for littoral-benthic macroinvertebrate communities sampled along the shore of Lake 
Wanaka (n=92). Blue squares indicates all sites considered Low urban impact, the green triangles are all 
sites considered Medium urban impact and red circles are all sites considered High urban impact. Including 





Fig 4.9. Shepard plot for Lake Wanaka nonmetric multidimensional scaling (NMDS) results. Red line 
signifies a perfect linear relationship between calculated and ordination distances. 
 
 
Table 4.1. PERMANOVA test comparing Bray-Curtis distances between groups (Low, Medium & High) of 
the Lake Wanaka November sampling effort using the adonis function. 
Source df SS MS F R2 p 
UIG 2 4.2013 2.101 13.008 0.226 0.001 
 
Table 4.2. ANOVA testing the variance of the Bray-Curtis distances of group members (sites) and group 
centroids (Low, Medium & High) of the Lake Wanaka November sampling effort. 
Source df SS MS F p 









Table 4.3. Results of ANOVA for taxonomic groups recorded when compared against distance to the nearest 
stormwater outlet in Lake Wanaka. 
Source df F p 
EPT 2 4.94 9.24 x 10-3 
Chironomidae 2 15.21 2.08 x 10-6 
non-chironomid 
dipterans 
2 8.607 3.83 x 10-4 
Potamopyrgus 2 22.65 1.12 x 10-8 
Oligochaeta 2 24.39 3.59 x 10-9 
Crustacea 2 2.83 0.064 
Coleoptera 2 3.295 0.042 
Hemiptera 2 0.856 0.428 
Acari 2 6.137 3.18 x 10-3 
other Mollusca 2 1.656 0.197 
other taxa 2 5.767 0.004 
 
 
Total nitrogen, total phosphorous, nitrates/nitrites and ammonia were observed to have the 
biggest influence on P. antipodarum, Oligochaetea and other mollusca, while distance to 
stormwater outlet and conductivity were observed to have the biggest influence on the observed 
variation for EPT taxa and Chironomidae. The triplot in Figure 4.11 summarises the main 
patterns of variation within the Lake Wanaka RDA response matrix which are able to be 
explained by explanatory variables. 26.54% of the total variance was able to be to be explained 
by all the explanatory variables. A permutation test was run on the entire RDA ordination and 
by axis and returned statistically significant results for both (Table 4.4). Forward model 
selection using ordiR2step identified distance, conductivity and NO2/NO3 as the most 
statistically significant explanatory variables, explaining 20.77% of the total variance (Table 
4.5). A further permutation test run on the most-parsimonious RDA and its axes using the 
significant variables identified with ordiR2step returned statistically significant results for the 
whole model and the first 3 RDA axes (Table 4.6). Tables 4.7 – 4.9 provide SIMPER analysis 
of the average contributions of each taxon to the average overall Bray-Curtis dissimilarity 
between each level of urban impact in Lake Wanaka. Oligochaeta always contributed the most 




contributing the second and third most when comparing low UIG to either medium or high 
UIG. When comparing medium and high UIG P. antipodarum followed by Crustacea 









Fig 4.10. Boxplots of square-root transformed proportions of: A) EPT, B) P. antipodarum, C) Oligochaeta, 
D) Chironomidae, E) Non-Chironomid Diptera, F) Coleoptera, G) Acari, and H) ‘other’ taxa, at differing 






Fig 4.11. Redundancy analysis (RDA) plot for sites sampled in Lake Wanaka. The contribution of abiotic 
vectors to the response matrix are indicated by blue arrows, while contributions of biotic vectors is indicated 
by red arrows. 
 
Table 4.4. Results of permutation test for Wanaka RDA and its significant axes. 
 df variance F p 
RDA 10 2.9194 2.8902 0.001 
RDA1 1 1.2668 12.5414 0.001 
RDA2 1 0.6288 6.2254 0.023 
RDA3 1 0.5886 5.8271 0.031 
 
Table 4.5. Results from ordiR2step forward model selection for Lake Wanaka RDA. 
Significant constraints R2 p 
distance + sediment + conductivity + NO2/NO3- 0.257 0.004 
 
 
Table 4.6. Results of permutation test for parsimonious Wanaka RDA and its significant axes. 
 df variance F p 
RDA 4 2.285 5.637 0.001 
RDA1 1 1.233 12.1678 0.001 
RDA2 1 0.573 5.653 0.001 






Table 4.7. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 










Oligochaeta 0.187 0.117 1.600 0.193 4.624e-01 25.82% 
Crustacea 0.154 0.177 0.868 0.298 7.633e-02 47.06% 
EPT 0.111 0.148 0.754 0.211 5.850e-02 62.44% 
Potamopyrgus 0.094 0.101 0.933 0.01 1.902e-01 75.40% 
Chironomidae 0.082 0.092 0.894 0.193 6.676e-02 86.77% 




0.030 0.049 0.6229 0.052 2.382e-02 96.84% 
 
Table 4.8. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 











Oligochaeta 0.228 0.135 1.68 0.193 0.584 31.11% 
Crustacea 0.156 0.166 0.943 0.298 0.109 52.47% 
EPT 0.105 0.159 0.663 0.211 0.02 66.87% 
Potamopyrgus 0.099 0.090 1.092 0.01 0.202 80.38% 














Table 4.9. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 








Oligochaeta 1.467e-01 0.102 1.432 4.624e-01 0.584 33.31% 
Potamopyrgus 1.061e-01 0.088 1.208 1.902e-01 0.202 57.40% 
Crustacea 6.122e-02 0.074 0.826 7.633e-02 0.109 71.31% 
Acari 4.094e-02 0.049 0.83 8.720e-02 0.040 80.61% 
Chironomidae 2.775e-02 0.030 0.923 6.676e-02 0.034 86.91% 




1.193e-02 0.026 0.458 2.382e-02 0.002 95.81% 
 
Upon investigating abiotic factors temperature, dissolved O2, total nitrogen and ammonia were 
all shown to generally increase with decreasing distance to nearest stormwater outlet in Lake 
Wanaka (Table 4.10). A list of the minimum, maximum and mean value for all abiotic factors 
measured at each level of urban impact is displayed in Table 4.11. A full list of values of abiotic 
factors recorded is shown in Appendix 4. 
 
Table 4.10. Results of ANOVA for abiotic factors measured when compared against distance to the nearest 
stormwater outlet in Lake Wanaka. 
Source df F p 
Temperature 1 52.41 1.46 x 10-10 
Conductivity 1 2.635 0.108 
DO2 1 4.353 0.04 
Sediment # 1 0.319 0.574 
TN  1 10.57 0.002 
TP 1 2.704 0.104 
NO2-/NO3- 1 3.554 0. 063 
DRP 1 3.293 0.073 





Table 4.11. Abiotic factors measured in Lake Wanaka. Minimum-maximum and mean value recorded at 
each level of urban impact. For factors that displayed values below the limit of observable detection (<1.0 
µgL -1) mean value was unable to be calculated. 
UIG Low Medium High 












































(µgL -1) <1.0-3.51 <1.0 <1.0 
NH3 





4.3.2 Lake Wakatipu invertebrate community analysis 
 
With increasing levels of urban impact in Lake Wakatipu the invertebrate community structure 
lost much of the EPT taxa representative of more pristine environmental quality, there was no 
significant differences in relative abundances of P. antipodarum and the community became 
increasingly dominated by Oligochaeta. Figure 4.12  provides a visual representation of the 
overall community structure of sites considered low, medium and high urban impact. NMDS 
ordination plots were used to represent the dissimilarity between Lake Wakatipu sampling sites 
in a 2-dimensional space (Fig 4.13 & 4.14). Objects with a smaller Bray-Curtis distance to one 
another are considered more alike than objects with a larger distance. The Shepard plot in 




observed dissimilarity, the low scatter around the regression line indicates that the original 
dissimilarities are well preserved in the reduced dimensions of the NMDS. The PERMANOVA 
test indicates that the invertebrate community structure varied significantly between differing 
levels of urban impact in Lake Wakatipu, although explained variation is very low (F = 4.098, 
R2 = 0. 0962, p = 0.003) (Table 4.12). The PERMANOVA assumption of homogenous 
dispersion is met as p is non-significant (F = 1.9988, p = 0.1425) (Table 4.13). ANOVA results 
for each taxonomic group compared to distance to stormwater outlet are displayed in table 4.14. 
Square-root transformed proportion of Chironomidae (F = 5.822, p = 0.004) showed a 
significantly negative realtionship with increasing levels of urban impact, while Oligochaeta 
(F = 5.627, p = 0.005) and other Mollusca (F = 3.404, p = 0.038) displayed significantly 
positive relationships with increasing levels of urban impact. Boxplots of square-root 
transformed distributions are displayed in Figure 4.10. 
 
 
Fig 4.12. Overall littoral-benthic macroinvertebrate community composition of sites considered 







Fig 4.13. NMDS bi-plot for littoral-benthic macroinvertebrate communities sampled along the shore of Lake 
Wakatipu (n=80). Blue squares indicates all sites considered Low urban impact, the green triangles are all 
sites considered Medium urban impact and red circles are all sites considered High urban impact. Ellipses 









Fig 4.14. NMDS bi-plot for littoral-benthic macroinvertebrate communities sampled along the shore of Lake 
Wakatipu (n=80). Blue squares indicates all sites considered Low urban impact, the green triangles are all 
sites considered Medium urban impact and red circles are all sites considered High urban impact. Including 
significant biotic (red) and abiotic (black) vectors (p = 0.05). Stress of NMDS = 0.1154539. 
 
Fig 4.15. Shepard plot for Lake Wakatipu nonmetric multidimensional scaling (NMDS) results. Red line 





Table 4.12. PERMANOVA test comparing Bray-Curtis distances between groups (Low, Medium & High) 
of the Lake Wakatipu October sampling effort using the adonis function. 
Source df SS MS F R2 p 
UIG 2 0.997 0.498 4.098 0.096 0.003 
 
Table 4.13. ANOVA testing the variance of the Bray-Curtis distances of group members (sites) and group 
centroids (Low, Medium & High) of the Lake Wakatipu October sampling effort. 
Source df SS MS F p 
UIG 2 0.062 0.031 1.999 0.143 
 
Table 4.14. Results of ANOVA for taxonomic groups recorded when compared against distance to the 
nearest stormwater outlet in Lake Wakatipu. 
Source df F p 
EPT 2 1.677 0.194 
Chironomidae 2 5.822 0.004 
non-chironomid 
dipterans 
2 0.018 0.982 
Potamopyrgus 2 1.677 0.194 
Oligochaeta 2 5.627 0.005 
Crustacea 2 3.708 0.029 
Coleoptera 2 1.016 0.367 
Acari 2 4.303 20.017 
other Mollusca 2 3.404 0.038 
other taxa 2 1.415 0.249 
 
Distance to stormwater outlet and sediment grade were observed to have the biggest influence 
on the observed variation, particularly so for EPT taxa. The triplot in Figure 4.17 summarises 
the main patterns of variation within the Lake Wakatipu RDA response matrix which are able 
to be explained by explanatory variables. 23.39% of the total variance was able to be to be 
explained by all of the explanatory variables. A permutation test was run on the entire RDA 
ordination and by axis and returned statistically significant results for both (Table 4.11). 
Forward model selection using ordiR2step identified distance and sediment grade as the most 
statistically significant explanatory variables, explaining 11.1% of the total variance (Table 




significant variables identified with ordiR2step returned statistically significant results for the 
whole model and the first RDA axis (Table 4.13). Tables 4.14 – 4.16 provide SIMPER analysis 
of the average contributions of each taxon to the average overall Bray-Curtis dissimilarity 
between each level of urban impact in Lake Wakatipu. Oligochaeta always contributed the 






Fig 4.16. Boxplots of square-root transformed proportions of: A) EPT, B) Chironomidae, C) Oligochaeta, D) 











Fig 4.17. Redundancy analysis (RDA) plot for sites sampled in Lake Wakatipu. The contribution of abiotic 
vectors to the response matrix are indicated by blue arrows, while contributions of biotic vectors is indicated 
by red arrows. 
 
Table 4.15. Results of permutation test for Wakatipu RDA and its significant axes. 
 df variance F p 
RDA 10 2.339 2.107 0.001 
RDA1 1 1.153 10.383 0.001 
 
Table 4.16. Results from ordiR2step forward model selection for Lake Wakatipu RDA. 
Significant constraints R2 p 
distance + sediment 0.217 0.005 
 
Table 4.17. Results of permutation test for parsimonious Wakatipu RDA and its significant axes. 
 df variance F p 
RDA 2 1.110 4.808 0.001 







Table 4.18. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 












Oligochaeta 0.133 0.096 1.391 1.840e-01 0.382 29.18% 
EPT 0.127 0.094 1.363 4.376e-01 0.317 57.06 
Chironomidae 0.091 0.081 1.121 2.523e-01 0.136 76.90% 
Potamopyrgus 0.072 0.076 0.943 1.001e-01 0.108 92.65% 
Acari 0.018 0.025 0.731 6.900e-03 0.039 96.60% 
 
Table 4.19. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 












Oligochaeta 0.154 0.129 1.196 1.840e-01 4.370e-01 28.82% 
EPT 0.151 0.097 1.549 4.376e-01 2.192e-01 57.03% 
Chironomidae 0.098 0.08 1.222 2.523e-01 1.039e-01 75.33% 
Potamopyrgus 0.089 0.085 1.050 1.001e-01 1.614e-01 91.95% 
Other 0.014 0.036 0.386 8.120e-03 2.297e-02 94.53% 
Crustacea 0.012 0.025 0.505 6.765e-03 2.194e-02 96.86% 
 
Table 4.20. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 












Oligochaeta 1.426e-01 0.108 1.321 0.382 4.370e-01 30.52% 
EPT 1.271e-01 0.104 1.222 0.317 2.192e-01 57.73% 
Potamopyrgus 8.176e-02 0.075 1.086 0.108 1.614e-01 75.23% 
Chironomidae 6.300e-02 0.062 1.016 0.136 1.039e-01 88.71% 
Acari 1.775e-02 0.023 0.766 0.039 1.713e-02 92.51% 





Upon investigating abiotic factors conductivity, dissolved O2, and nitrate/nitrites were all 
shown to generally increase with decreasing distance to nearest stormwater outlet in Lake 
Wakatipu (Table 4.21). A list of the minimum, maximum and mean value for all abiotic factors 
measured at each level of urban impact is displayed in Table 4.22. A full list of values of abiotic 
factors recorded is shown in Appendix 5. 
 
Table 4.21. Results of ANOVA for abiotic factors measured when compared against distance to the nearest 
stormwater outlet in Lake Wakatipu. 
Source df F p 
Temperature 1 3.125 0.081 
Conductivity 1 3.067 0.008 
DO2 1 8.404 0.005 
Sediment # 1 2.18 0.144 
TN  1 2.526 0.116 
TP 1 2.622 0.109 
NO2-/NO3- 1 17.18 8.56 x 10-5 
DRP 1 0.992 0.322 
NH3 1 0.1 0.752 
 
 
Table 4.22. Abiotic factors measured in Lake Wakatipu. Minimum-maximum and mean value recorded at 
each level of urban impact. For factors that displayed values below the limit of observable detection (<1.0 
µgL -1) mean value was unable to be calculated. 
UIG Low Medium High 













































(µgL -1) <1.0 <1.0-2.57 <1.0-1.03 
NH3 
(µgL -1) <1.0-9.10 <1.0-3.60 <1.0-9.32 
 
 
4.3.3 Between lake invertebrate community analysis 
 
EPT taxa showed a decreasing relative abundances with increasing levels of impact for both 
Lake Wanaka & Lake Wakatipu. Relative abundance of EPT were significantly higher for Lake 
Wakatipu than Lake Wanaka. Relative abundance of both Oligochaeta and P. antipodarum 
both increased with increasing levels of impact in both lakes, while Chironomidae showed a 
decreasing relative abundance with increasing levels of impact in both lakes. NMDS ordination 
plots were used to represent the dissimilarity between Lake Wanaka and Lake Wakatipu 
sampling sites in a 2-dimensional space (Fig 4.18 & 4.19). Objects with a smaller Bray-Curtis 
distance to one another are considered more alike than objects with a larger distance. The 
Shepard plot in Figure 4.20 illustrates scatter around the regression between ordination distance 
and the observed dissimilarity, the scatter around the regression line indicates that the original 
dissimilarities are reasonably well preserved in the reduced dimensions of the NMDS. 
However, this ordination displayed the least goodness of fit of all three models. The 
PERMANOVA test indicates that the invertebrate community structure varied significantly 
between Lake Wanaka and Lake Wakatipu, although explained variation is very low (F = 
16.512, R2 = 0.08853, p = 0.001) (Table 4.23). However the PERMANOVA results may be 
influenced by non-homogenous dispersion as differing levels of dispersion were found between 
the two groups (F = 6.0436, p = 0.01496) (Table 4.24). 
 
Distance to stormwater outlet and sediment grade were observed to have particularly heavy 
influence for EPT taxa and Chironomidae, while P. antipodarum and Oligochaeta were heavily 
influenced by total nitrogen and ammonia. The triplot in Figure 4.22 summarises the main 




explained by explanatory variables. 13.65% of the total variance was able to be to be explained 
by all of the explanatory variables. A permutation test was run on the entire RDA ordination 
and by axis and returned statistically significant results for both (Table 4.25). Forward model 
selection using ordiR2step identified distance, temperature and sediment grade as the most 
statistically significant explanatory variables, explaining 8.92% of the total variance (Table 
4.26). A further permutation test run on the most-parsimonious RDA and its axes using the 
significant variables identified with ordiR2step returned statistically significant results for the 
whole model and the first 2 RDA axes (Table 4.27). Table 4.28 provides SIMPER analysis of 
the average contributions of each taxon to the average overall Bray-Curtis dissimilarity 




Fig 4.18. NMDS bi-plot for littoral-benthic macroinvertebrate communities sampled along the shore of Lake 
Wakatipu (n=80) & Lake Wanaka (n=92). Red circles indicate all sites from Lake Wakatipu. Blue triangles 
indicate sites from Lake Wanaka. Significant abiotic vectors are included as black arrows (p = 0.05). Stress 






Fig 4.19. NMDS bi-plot for littoral-benthic macroinvertebrate communities sampled along the shore of Lake 
Wakatipu (n=80) & Lake Wanaka (n=92). Red circles indicate all sites from Lake Wakatipu. Blue triangles 
indicate sites from Lake Wanaka. Significant biotic vectors are included as black arrows (p = 0.05). Stress 
of NMDS = 0.1491714. 
 
Fig 4.20. Shepard plot for between lake nonmetric multidimensional scaling (NMDS) results. Red line 






Table 4.23. PERMANOVA test comparing Bray-Curtis distances between lakes (Wanaka & Wakatipu) of 
the Oct-Nov sampling effort using the adonis function. 
Source df SS MS F R2 p 
Lake 1 2.836 2.836 16.512 0.089 0.001 
 
Table 4.24. ANOVA testing the variance of the Bray-Curtis distances of group members (sites) and group 
centroids (Wanaka & Wakatipu) of the Oct-Nov sampling effort. 
Source df SS MS F p 















Fig 4.21. Boxplots of square-root transformed proportions of: A) EPT, B) Oligochaeta, C) P. antipodarum, 
D) Chironomidae, E) non-Chironomid Diptera, F) Acari, and G) Coleoptera at differing levels of urban impact 







Fig 4.22. Redundancy analysis (RDA) plot for sites sampled in both Lake Wanaka & Lake Wakatipu. The 
contribution of abiotic vectors to the response matrix are indicated by blue arrows, while contributions of 
biotic vectors is indicated by red arrows. 
 
Table 4.25. Results of permutation test for between lake RDA and its significant axes. 
 df variance F p 
RDA 10 1.502 2.529 0.001 
RDA1 1 0.75 12.625 0.002 
 
Table 4.26. Results from ordiR2step forward model selection for between lake RDA. 
Significant constraints R2 p 
distance + temperature + sediment 0.172 0.03 
 
Table 4.27. Results of permutation test for parsimonious between lake RDA and its significant axes. 
 df variance F p 
RDA 3 0.981 5.453 0.001 
RDA1 1 0.658 4.888 0.001 







Table 4.28. SIMPER analysis of the average contributions of each taxon to the average overall Bray-Curtis 













Oligochaeta 1.819e-01 1.350e-01 1.348 3.848e-01 4.231e-01 32.23% 
EPT 1.545e-01 1.346e-01 1.148 2.831e-01 9.073e-02 59.61% 
Potamopyrgus 9.894e-02 9.755e-02 1.014 1.339e-01 1.413e-01 77.14% 
Chironomidae 7.571e-02 8.227e-02 0.920 1.345e-01 9.303e-02 90.55% 
Acari 2.955e-02 4.147e-02 0.713 2.395e-02 5.250e-02 95.79% 
 
 
Lake Wanaka and Wakatipu showed significantly different levels of dissolved O2, total 
nitrogen, total phosphorous, nitrates/nitrites and ammonia. Lake Wakatipu had higher levels of 
dissolved O2, while lake Wanaka experienced higher levels of total nitrogen, total phosphorous, 
nitrates/nitrites and ammonia. Boxplots of the between lake comparisons of abiotic factors are 
















Fig 4.23. Boxplots of concentrations of: A) dissolved oxygen (O2), B) total nitrogen (N), C) total phosphorous 
(P), D) nitrates/nitrites (NO3-/NO2-), and E) ammonia (NH3) at differing levels of urban impact in both Lake 










The patterns of community composition of littoral-benthic macroinvertebrates along the shores 
of Lake Wanaka & Wakatipu were consistent with a negative impact of urban run-off at sites 
closer to urban stormwater drains. As level of urban impact increased the littoral-benthic 
invertebrate communities shifted towards ones that were dominated by Oligochaeta and P. 
antipodarum, while the relative abundance of EPT and Chironomidae taxa were shown to 
decrease with increasing levels of urban impact.  
 
Littoral-benthic invertebrate communities became increasingly dominated by Oligochaeta with 
increasing levels of urban impact in Lake Wanaka and Wakatipu. Oligochaeta are commonly 
the most dominant benthic invertebrates and are important consumers of detritus within the 
benthos of many types of aquatic habitats, across a wide range environmental gradients both 
within New Zealand and globally (Ladle 1971; Weatherhead & James 2001; Rosa et al. 2014; 
Timm & Haldna 2019). 
 
Potamopyrgus antipodarum displayed a significant positive relationship with increasing levels 
of urban impact in Lake Wanaka, while no significant relationship was observed in Lake 
Wakatipu a general trend could be observed of increasing medians and lower & upper quartiles 
with increasing levels of urban impact. Nitrogen and phosphorous enrichment plays a key role 
in the primary production of algal and plant biomass, and as a result is closely linked to the 
distribution and production of invertebrate grazers (Lamberti et al. 1989; Jowett & Richardson 
1990; DeNicola & McIntire 1991; Weatherhead & James 2001; Abell et al. 2010; Abell et al. 
2011; Qu et al. 2017). Biggs & Lowe (1994) found that in a study of patch enrichment in a 
New Zealand stream, P. antipodarum tended to dominate enriched communities, as well as 
suppressing algal biomass. Winterbourn & Fegley (1989) showed that natural densities of P. 
antipodarum altered the algal community structure by selectively feeding on filamentous 
diatoms. Hawkins & Furnish (1987) and Hill (1992) have suggested that snails are 
competitively dominant freshwater invertebrates reducing densities of other species of 
invertebrate grazers through direct competition for resources. 
 
The lack of a significant relationship between P. antipodarum relative abundance and urban 




site specifically (Rankin & Yoder 1990), it is not unreasonable to believe that P. antipodarum 
may be more widely distributed within Lake Wakatipu due to their wide range of 
environmental tolerances and their ability to be competitively dominant in an array of niches 
(Ponder 1988, Winterborn & Fegley 1989; James et al. 2000; Alonso & Castro-Diez 2008; 
Davidson et al. 2008, Naser & Son 2009, Alonso & Castro-Diez 2012; Romero-Blanco & 
Alonso 2019). Secondly, the composition of macroinvertebrate communities within the shore 
zone of lakes display high degrees of spatial complexity across multiple scales (Stoffels 2003). 
This fine scale spatial complexity tends to be hierarchically organized by processes operating 
on a much broader scale such as littoral topography, physical energy inputs and allochthonous 
inputs (Stoffels 2003). Unfortunately, many of these confounding factors were unaccounted 
for in this study and as such conclusions drawn on the drivers of taxonomic distribution remains 
tentative, albeit consistent with an impact of urban run-off on lake shore communities. 
 
As expected the most sensitive taxonomic group of freshwater invertebrates – EPT, displayed 
a negative relationship to increasing levels of urban impact in both lakes. The orders 
Ephemeroptera, Plecoptera and Trichoptera have been commonly used as bioindicator species 
of anthropogenic disturbance due to their low tolerance for oxidative stress (Stark 1985; Plafkin 
et al. 1989; Rosenberg & Resh 1993; Wallace et al. 1996; Barbour et al. 1999; Chang et al. 
2014). Nagell (1973) showed a strong interrelatedness between an animals O2 consumption and 
its motor activity. Oxygen consumption is limited up to a certain point by electron transport 
through respiratory chain enzymes, as electrons are transported from the metabolic substrate 
through the enzymes to the oxygen, these enzyme chains alternate between oxidized and 
reduced states (Winzler 1941). At high concentrations of dissolved O2 the cells oxygen 
consumption is no longer limited by the external O2 concentration, while at low concentrations 
the supply of dissolved O2 to the electron transport system is limited and enzymes at the 
metabolic substrate end of the respiratory enzyme chain are less oxidised (Winzler 1941; 
Nagell 1973). However the levels of dissolved O2 measured in either lake was nowhere near 
those considered hypoxic, thus any inference made is tentative. It is more realistic that littoral-
benthic invertebrate communities are responding to a host of multiple-stressors at even 
relatively mild levels of anthropogenic disturbance. 
 
Invertebrate communities of both lakes showed significant negative relationships between 




generally being considered indicators of nutrient enrichment and low O2 benthic environments 
(McLachlan 1970; Biggs & Malthus 1982; Quinn & Hickey 1990; Van den Berg 1997; Rosa 
et al. 2014; Timm & Haldna 2019). As previously stated, the subfamily Orthocladiinae shows 
a strong directional response to anthropogenic disturbance (Cranston 1988; Panis 1996), and 
while the identification of the Chironomidae community below the family level on a scale of 
this magnitude was not possible for this chapter, the previous chapter suggests that perhaps 
sensitive subfamilies of Chironomidae such as Othocladiinae are declining with increasing 
levels of impact. 
 
While there are very clear responses of littoral-benthic invertebrate communities to 
anthropogenic disturbance it is not clear what particular influences are truly driving these 
compositional shifts. Zawal et al. (2017) illustrated the difficulties using physiochemical 
parameters to explain Acari community assemblages when using broad scale levels of habitat 
organisation. Suggesting that while parameters such as temperature, pH, oxygen, and 
conductivity may very well play a role in the formation of assemblages, it is not until they are 
applied at finer scales of habitat that the structure of these assemblages can be explained; 
highlighting the challenges involved in disentangling confounding factors affecting the natural 
species variation from the effects of anthropogenic disturbance (Zawal et al. 2017). Given the 
large sample sizes collected and the myriad co-variate abiotic factors unaccounted for in this 
study it is entirely possible that some of the community responses to anthropogenic impacts 
are results of type I statistical error in which small differences between sites are reported as 
statistically significant when their biological significance is tenuous (Lieber 1990). 
 
The results of this large scale sampling effort indicate that there is evidence for the use of 
littoral-benthic macroinvertebrate communities as biological indicators of anthropogenic 
disturbance in New Zealand oligotrophic lakes. Relative abundances of sensitive taxa such as 
EPT and Chironomidae in littoral-benthic communities showed strong negative responses to 
increasing levels of urban impact, while the opposite trend was observed for Oligochaeta and 
P. antipodarum; who became increasingly the most dominant groups of invertebrates 
identified. There are still challenges involved with disentangling factors affecting the natural 
species variation from the effects of anthropogenic disturbance (Stoffels 2003; Zawal et al. 
2017), as some of the observed patterns may be influenced by co-variates that are reflections 




coverage of macrophyte beds; in addition to their proximity to stormwater outfalls. However, 
these tentative results suggest that detectable shifts in the observed invertebrate communities, 
towards more homogenous communities dominated by few resilient taxa (Gray 1989) occurs 
in areas closer to urban development, and suggests they provide a potential tool for assessing 
long term anthropogenic disturbance on the lake shore environment for community groups and  























The aim of this study was to address whether littoral-benthic macroinvertebrate communities 
could be used as an effective biomonitoring tool in detecting the effects of anthropogenic 
disturbance, in the form of stormwater runoff, in two South Island oligotrophic lakes. 
 
Over the 50 years between 1968 and 2018 the proportion of land in the Wanaka township 
covered in impervious surfaces such as roofing and roads has dramatically increased from 65.3 
ha to 384.4 ha (Grant 2020). Population forecasts of the Queenstown Lakes District show no 
signs of population growth slowing down, with an estimated resident population above 70,000 
in the next 30 years (QLDC 2020). As the population continues to boom so too does the demand 
for more urbanised areas for housing, transport, commercial activities and industrialisation, 
and with this increasing demand for urbanisation, so to the potential for contaminants to be 
transported to the aquatic environment in the form of stormwater runoff (Gadd et al. 2020). 
 
Littoral-benthic invertebrate communities showed some clear responses of key invertebrate 
taxa to differing levels of urban impact. The changes in invertebrate communities in relation to 
distance to stormwater outlets in both lakes could prove incredibly useful to environmental 
managers in the use of biomonitoring to detect anthropogenic disturbance. It was found that 
the relative abundance of the sensitive taxa EPT and Chironomidae decreased in littoral-benthic 
communities with increasing levels of urban impact. On deeper inspection of Chironomidae 
assemblages at a higher level of taxonomic resolution, the subfamily Orthocladiinae was shown 
to have a significant negative response to anthropogenic disturbance. Additionally, the littoral-
benthic invertebrate communities became increasingly more homogenous and dominated by 
Oligochaeta and P. antipodarum as the levels of urban impact increased. However, it must be 
reiterated that these conclusions remain tenuous as some of the observed patterns may be 
influenced by co-variates that are reflections of the geographical pattern of sampling sites such 
as fetch, slope, sediment organic content and coverage of macrophyte beds, or other 
physiochemical variables that were unaddressed in this study; in addition to their proximity to 
stormwater outfalls. It is more realistic that littoral-benthic invertebrate communities are 
responding to a host of multiple-stressors at even relatively mild levels of anthropogenic 
disturbance. As both Stoffels (2003) and Zawal et al. (2017) have indicated, the composition 




spatial complexity across multiple scales. This fine scale spatial complexity tends to be 
hierarchically organized by processes operating on a much broader scale. It is not until 
physiochemical parameters are applied at finer scales of habitat that the structure of 
invertebrate communities can be explained; highlighting the challenges involved in 
disentangling confounding factors affecting the natural species variation from the effects of 
anthropogenic disturbance. 
 
While this study was able to detect patterns in the invertebrate community composition in 
relation to urban impact, it was limited in its ability to accurately attribute any specific 
physiochemical drivers as the cause, as all physiochemical variables measured in this study are 
far from the levels that are likely to cause stress to aquatic invertebrates. Future investigations 
of similar studies will have to account for the many physiochemical and geographic variables 
overlooked in this study. Particularly, they may like to investigate the heavy metal 
concentrations within stormwater entering lake systems and settling within littoral-benthic 
sediments.  For instance, heavy metal analysis was not feasible for this study, although heavy 
metals such as Zinc and Aluminium are most certainly entering into the aquatic environment 
through stormwater outlets at higher concentrations than natural watercourses or tributaries 
(Grant 2020). Heavy metals have been shown to have adverse effects on aquatic invertebrate 
communities both in New Zealand freshwater systems (Hickey & Clement 2009) and globally 
(Larsson et al. 2007; Ramakrishnan Anu et al. 2018). Further investigation into levels of heavy 
metal transport into New Zealand lakes is needed to fully understand the uptake and 
bioaccumulation of these particles into the food web. There are many challenges facing 
environmental managers understanding the effects of stormwater discharge into the lake shore 
environment, particularly so is the highly variable nature of stormwater.  Due to the periodic 
nature of varying intensities of storm events it is impossible to derive maximum contaminant 
concentrations of stormwater runoff without observing the entirety of multiple storm events of 
varying intensities, an effort that would prove incredibly time and resource intensive, but one 
that would yield valuable insights into the transport of contaminants into the aquatic 
environment. 
 
Lastly, the level of taxonomic resolution will be key to developing an effective littoral-benthic 
macroinvertebrate index for New Zealand lakes. This study used relatively low taxonomic 




compositional changes to the community, it fails to detect true diversity and may obscure 
valuable information that may be present in taxa rich groups such as Chironomidae as 
illustrated by the decline of the subfamily Orthocladiinae at sites considered anthropogenically 
impacted when compared to non-impacted sites. For biological indicators to be effective in 
inferring environmental degradation of lakes and to be applicable across geographic ranges 
methodology will need to be fast, cost-effective and reproducible. Higher taxonomic resolution 
is much more time consuming and will require higher levels of expertise than is commonly at 
the disposal of community groups, but may hold valuable information for environmental 
managers. Future studies investigating Chironomidae assemblages across multiple lakes, with 
differing levels of impact, and a larger geographic range that also address the lack of co-variates 
accounted for in this study could help to uncover some of the more sensitive changes to 
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Appendix 2. Full list of abiotic factors measured at each sample site in Lake Wanaka between May 20th – 
22nd 2019. 
 
Sample Site DO2 Salinity Temperature Conductivity 
1.0 1 10.27 0.0 12.1 72.3 
1.1 1 10.34 0.0 12.2 72.1 
1.2 1 10.33 0.0 12.2 72.1 
1.3 1 10.60 0.0 12.6 72.3 
2.0 2 10.82 0.0 12.6 73.8 
2.1 2 10.48 0.0 12.6 73.3 
2.2 2 10.20 0.0 12.6 73.6 
2.3 2 10.05 0.0 12.6 73.6 
3.0 3 10.30 0.0 12.8 74.1 
3.1 3 9.83 0.0 12.8 73.6 
3.2 3 9.78 0.0 12.7 73.7 
3.3 3 9.68 0.0 12.8 73.6 
4.0 4 11.43 0.0 5.2 109.4 
4.1 4 11.29 0.0 5.2 109.4 
4.2 4 11.26 0.0 5.1 109.4 
4.3 4 11.23 0.0 5.1 109.4 
5.0 5 9.55 0.0 12.3 73.0 
5.1 5 9.39 0.0 12.3 72.9 
5.2 5 9.38 0.0 12.3 73.0 
5.3 5 9.34 0.0 12.3 73.2 
6.0 6 9.90 0.0 12.2 77.8 
6.1 6 9.55 0.0 12.8 74.7 
6.2 6 9.77 0.0 12.9 74.8 
6.3 6 9.52 0.0 12.9 74.5 
7.0 7 9.58 0.0 12.8 75.5 
7.1 7 9.60 0.0 12.8 80.5 
7.2 7 9.45 0.0 12.8 73.8 
7.3 7 10.30 0.0 10.5 120.3 
8.0 8 9.60 0.0 12.1 86.7 
8.1 8 9.62 0.0 11.9 83.5 
8.2 8 9.50 0.0 12.1 80.1 
8.3 8 9.60 0.0 12.0 83.0 
9.0 9 10.11 0.0 10.9 80.4 
9.1 9 9.85 0.0 11.0 78.6 
9.2 9 9.78 0.0 11.1 77.2 
9.3 9 9.78 0.0 11.1 76.8 
10.0 10 10.12 0.0 10.8 83.4 
10.1 10 10.04 0.0 10.8 83.9 
10.2 10 10.03 0.0 10.8 84.4 




11.0 11 10.30 0.0 11.5 88.0 
11.1 11 10.23 0.0 11.6 90.2 
11.2 11 10.18 0.0 11.5 89.0 
11.3 11 10.13 0.0 11.4 85.1 
12.0 12 10.05 0.0 12.7 85.5 
12.1 12 10.05 0.0 12.7 91.7 
12.2 12 10.00 0.0 12.7 92.8 






Appendix 3. The total counts and proportional abundances (%) of each chironomid subfamily, as well as the 








1.1 Impacted 27 (51.92%) 22 (42.31%) 3 (5.77%) - - 7 
1.2 Impacted 23 (72.41%) 3 (10.34%) 4 (13.79%) 1 (3.45%) - 6 
1.3 Impacted 34 (94.44%) - 2 (5.56%) - - 3 
1.4 Impacted 93 (93.00%) 2 (2.00%) 5 (5.00%) - - 7 
2.1 Impacted 19 (86.36%) - 3 (13.64%) - - 3 
2.2 Impacted 10 (58.82%) - 7 (41.18%) - - 2 
2.3 Impacted 48 (94.12%) 2 (3.92%) 1 (1.96%) - - 5 
2.4 Impacted 6 (60.00%) 4 (40.00%) - - - 3 
3.1 Impacted 1 (50.00%) - 1 (50.00%) - - 2 
3.2 Impacted - - 1 (33.33%) 1 (33.33%) 1 (33.33%) 3 
3.3 Impacted - 1 (16.67%) 5 (83.33%) - - 3 
3.4 Impacted - - 11 (100.00%) - - 2 
4.1 
Non-
impacted - - - - - 0 
4.2 
Non-
impacted - - - - - 0 
4.3 
Non-
impacted - - - - - 0 
4.4 
Non-
impacted - - - - - 0 
5.1 
Non-
impacted 3 (20.00%) - 12 (80.00%) - - 2 
5.2 
Non-
impacted 7 (25.93%) - 20 (74.07%) - - 3 
5.3 
Non-
impacted - - 41 (100.00%) - - 2 
5.4 
Non-
impacted 2 (13.33%) - 13 (86.67%) - - 3 
6.1 
Non-
impacted - 1 (50.00%) 1 (50.00%) - - 2 
6.2 
Non-
impacted 7 (43.75%) 2 (12.50%) 7 (43.75%) - - 5 
6.3 
Non-






impacted 7 (36.84%) 2 (10.53%) 10 (52.63%) - - 5 
7.1 
Non-
impacted - - 24 (100.00%) - - 2 
7.2 
Non-
impacted - - 18 (100.00%) - - 2 
7.3 
Non-
impacted - 2 (15.38%) 11 (84.62%) - - 3 
7.4 
Non-
impacted - - 7 (100.00%) - - 2 
8.1 
Non-
impacted 22 (33.85%) - 43 (66.15%) - - 4 
8.2 
Non-
impacted 29 (61.70%) 1 (2.13%) 7 (36.17%) - - 4 
8.3 
Non-
impacted 23 (54.76%) 2 (4.76%) 17 (40.48%) - - 5 
8.4 
Non-
impacted 9 (36.00%) 2 (8.00%) 14 (56.00%) - - 4 
9.1 Impacted - 3 (30.00%) 7 (70.00%) - - 4 
9.2 Impacted - 1 (20.00%) 4 (80.00%) - - 2 
9.3 Impacted - - - - - 0 
9.4 Impacted - - 1 (100.00%) - - 1 
10.1 Impacted - 1 (50.00%) 1 (50.00%) - - 2 
10.2 Impacted - - - - - 0 
10.3 Impacted - - 3 (100.00%) - - 2 
10.4 Impacted - - - - - 0 
11.1 Impacted - - - - - 0 
11.2 Impacted - - - - - 0 
11.3 Impacted - - - - - 0 
11.4 Impacted - - - - - 0 
12.1 Impacted - - - - - 0 
12.2 Impacted - - 2 (100.00%) - - 1 
12.3 Impacted 1 (20.00%) - 1 (20.00%) - 3 (60.00%) 3 







Appendix 4. Full list of abiotic factors measured at each sample site in Lake Wanaka between November 
1st – 3rd 2019. 
 




1 10.83 10.9 74 2.15 91.44 <1.0 36.12 <1.0 <1.0 13043 
2 10.96 10.5 82 3.6 54.16 <1.0 30.02 <1.0 <1.0 13014 
3 11.03 10.3 97.1 3 99.97 <1.0 34.97 3.51 <1.0 12983 
4 10.92 10.6 87 2.9 55.33 1.13 30.54 <1.0 <1.0 12955 
5 10.93 10.8 80.4 2.9 115.52 <1.0 32.79 <1.0 <1.0 12937 
6 10.93 11 81.8 3.3 43.18 <1.0 26.90 <1.0 <1.0 12900 
7 10.88 10.8 75.4 2.1 105.13 <1.0 36.79 <1.0 <1.0 12880 
8 10.83 11.1 78.2 2 18.91 2.15 47.03 <1.0 <1.0 12814 
9 10.73 11 73.5 3 97.49 <1.0 35.60 <1.0 <1.0 12773 
10 10.76 10.6 73.8 2.9 49.20 4.55 36.47 <1.0 <1.0 12734 
11 10.29 14.1 105.1 2.5 138.72 5.81 61.50 <1.0 <1.0 10483 
12 10.45 14.3 100.16 1 198.40 2.28 56.97 <1.0 <1.0 10478 
13 10.56 14.7 104.9 1 112.27 2.48 57.00 <1.0 <1.0 10472 
14 10.42 13.9 103.7 2.5 240.35 3.73 60.08 <1.0 <1.0 10407 
15 10.24 14 104 2.1 77.85 1.64 63.55 2.13 3.57 10375 
16 10.41 14.1 104.4 2.9 154.09 7.02 35.56 <1.0 10.87 10359 
17 10.41 14.1 104.1 2.6 30.27 3.02 63.06 <1.0 <1.0 10337 
18 10.25 14.3 104.4 1.7 78.42 3.67 61.15 <1.0 1.66 10307 
19 10.37 14.3 104.2 1.05 72.45 6.18 58.67 <1.0 <1.0 10266 
20 10.25 14.4 104.4 1.95 97.27 2.29 59.67 <1.0 3.26 10203 
21 10.39 15.7 73.9 1.05 229.18 23.98 27.93 <1.0 <1.0 10238 
22 10.72 16 73.9 1.05 193.05 <1.0 27.90 <1.0 <1.0 10207 
23 10.58 15.4 73.9 1.5 142.13 1.02 27.20 <1.0 <1.0 10175 
24 10.93 15.2 74.1 1.05 177.58 4.06 25.51 <1.0 <1.0 10152 
25 10.11 15.5 73.4 1.05 97.82 10.82 23.64 <1.0 <1.0 10116 
26 10.6 15.4 73.7 1 103.48 <1.0 24.14 <1.0 <1.0 10071 
27 10.73 15.4 73.5 2 329.40 7.52 16.36 <1.0 <1.0 10040 
28 10.41 14.3 73.6 1.15 7.76 3.89 24.56 <1.0 <1.0 9998 
29 10.76 13.7 73.5 3 65.36 <1.0 18.18 <1.0 3.89 9966 
30 10.38 13 74.5 3.95 45.56 <1.0 25.06 <1.0 17.17 9938 
31 10.53 12.5 75.7 2.85 102.98 <1.0 35.28 <1.0 5.15 8630 
32 10.69 12.5 76.7 2.85 84.02 <1.0 34.80 <1.0 <1.0 8618 
33 10.25 12.5 76.6 2.6 89.96 <1.0 36.09 <1.0 <1.0 8615 
34 10.56 12.6 76.4 2.85 90.32 <1.0 41.40 <1.0 <1.0 8584 
35 10.58 12.6 80.4 1.1 49.04 <1.0 42.18 <1.0 <1.0 8568 




37 10.4 12.7 77.5 2.4 57.25 <1.0 41.19 <1.0 <1.0 8523 
38 10.18 12.8 80.6 2.9 138.80 4.46 135.38 <1.0 <1.0 8507 
39 10.23 13 79.1 1.55 150.58 <1.0 93.20 <1.0 <1.0 8440 
40 10.43 12.8 75.8 1.9 19.68 4.75 31.22 <1.0 <1.0 8345 
41 11.15 13.5 76.9 2.6 53.44 12.58 43.08 <1.0 12.46 7681 
42 10.67 13.8 78.9 1.6 42.92 <1.0 29.77 <1.0 5.06 7649 
43 10.78 13.7 78.2 1.1 120.48 1.83 52.12 <1.0 12.11 7623 
44 10.9 14.3 85 1.7 124.98 1.41 97.95 <1.0 37.56 7589 
45 10.32 14 99.3 2.6 133.36 <1.0 178.57 <1.0 9.34 7536 
46 10.41 14.3 90.6 2.8 51.04 <1.0 154.53 <1.0 14.18 7497 
47 10.5 13.8 77.5 2.85 51.61 <1.0 134.79 <1.0 38.50 7457 
48 10.64 13.7 79.4 1.25 40.69 <1.0 126.80 <1.0 12.78 7415 
49 10.12 15.1 88.4 2.05 57.46 <1.0 152.19 <1.0 1.28 7375 
50 10.28 14.4 82.8 1.05 139.83 <1.0 155.65 <1.0 18.08 7335 
51 11.78 13.8 79 3.75 100.57 0.63 61.53 <1.0 40.61 1395 
52 11.11 13.5 76.8 3.95 122.97 0.52 37.59 <1.0 8.14 1262 
53 10.85 13.6 77.3 2.8 30.48 0.08 25.13 <1.0 2.95 1215 
54 10.94 14.1 77.2 2.9 80.98 <1.0 54.90 <1.0 29.71 1109 
55 10.67 13.8 76.9 3 88.81 0.14 43.41 <1.0 5.21 1032 
56 10.41 14.8 75.8 1.6 89.71 1.46 37.63 <1.0 12.03 16 
57 11.18 14.7 80.1 1.6 139.13 1.64 84.30 <1.0 12.19 85 
58 11.5 15.2 80.3 2.8 270.29 1.63 59.37 <1.0 36.54 129 
59 10.96 15.2 86.3 2.45 71.25 5.00 87.87 <1.0 39.14 84 
60 11.29 15.6 79.6 2.2 85.71 4.00 54.66 <1.0 29.07 29 
61 10.82 17.4 85.6 2 297.60 5.30 64.87 <1.0 12.10 78 
62 11.43 17.4 81.1 2.5 236.84 19.19 77.23 <1.0 9.10 18 
63 11.76 16.3 81.4 1 94.65 <1.0 77.38 <1.0 18.09 93 
64 11.5 16.6 82 1 117.81 18.32 73.86 <1.0 44.58 165 
65 11.25 17 95.7 2.2 NA NA 109.17 <1.0 17.28 73 
66 10.76 16.6 79.9 1.7 64.48 2.21 84.46 <1.0 29.82 92 
67 10.11 16.2 80.1 2.1 34.59 3.39 56.88 <1.0 34.75 71 
68 10.59 15.8 77.9 1.8 60.52 1.43 63.98 <1.0 41.26 51 
69 10.78 15.7 79.3 2 120.52 3.01 83.83 <1.0 42.81 73 
70 11.13 16.8 80.1 2.05 204.93 6.25 79.58 <1.0 32.44 62 
71 10.85 16.6 98.4 2.5 234.60 <1.0 224.51 <1.0 9.80 25 
72 10.48 13.9 123.3 2.75 419.39 3.09 404.18 <1.0 32.46 5 
73 11.61 14.6 78.9 3.4 217.31 2.14 70.08 <1.0 20.72 84 
74 11.07 14.9 81 3.3 118.42 <1.0 77.78 <1.0 41.06 160 
75 11.52 14.8 77.3 2.65 129.32 9.38 51.16 <1.0 39.26 42 
76 11.44 14.8 79.3 2.1 477.44 13.96 27.30 <1.0 36.56 120 
77 11.2 14.8 74.7 2.65 116.73 5.07 29.84 <1.0 27.75 148 




79 11.37 15.5 74.3 2.95 38.08 1.84 27.38 <1.0 15.01 242 
80 11.16 15.3 74.3 2.9 275.38 <1.0 37.25 <1.0 25.56 355 
81 9.72 20.9 76.4 1 105.39 18.30 26.08 <1.0 32.69 9 
82 10.72 18 75 2.95 468.98 16.93 26.02 <1.0 18.84 175 
83 9.77 20.3 75.8 2.8 133.84 21.31 17.17 <1.0 28.73 103 
84 10.53 17.8 74.4 2.4 315.00 6.20 27.84 <1.0 56.44 30 
85 11.26 16.2 73.6 2.75 187.92 5.18 36.73 <1.0 24.51 198 
86 10.05 18.5 74.8 1.1 97.84 3.87 32.46 <1.0 30.98 3715 
87 9.3 19.6 75 1.1 32.98 5.38 28.21 <1.0 31.89 3777 
88 8.51 20.7 75.5 1 106.53 73.37 31.47 <1.0 27.35 3841 
89 8.72 22 75.8 1 98.17 50.94 34.74 <1.0 16.93 3891 
90 8.97 21.6 70.1 1 113.61 69.16 38.65 <1.0 30.97 3960 
91 10.14 18.7 74.9 2.5 37.32 2.30 28.62 <1.0 29.50 4166 






Appendix 5. Full list of abiotic factors measured at each sample site in Lake Wakatipu between October 
29th – 31st 2019. 
 
Site DO2 Temp Cond 
Avg 




1 10.82 11.2 71.8 3.4 120.47 <1.0 4.72 <1.0 <1.0 12990 
2 11.01 11.4 61.6 1.75 9.70 <1.0 19.69 <1.0 9.10 12955 
3 11.16 11.4 61.4 1 36.65 <1.0 15.12 <1.0 3.02 12886 
4 11.48 11.8 61.1 3.8 115.17 <1.0 7.35 <1.0 <1.0 12810 
5 11.7 12.1 60.7 2.8 15.67 <1.0 1.97 <1.0 <1.0 12758 
6 11.1 10.7 61 3.9 32.05 <1.0 27.86 <1.0 <1.0 11899 
7 10.81 10.9 60.9 3.3 51.89 <1.0 36.64 <1.0 <1.0 11872 
8 10.8 11.5 61.3 3.85 122.96 <1.0 17.17 <1.0 <1.0 11813 
9 10.52 12 61.1 1.6 59.30 <1.0 30.06 <1.0 <1.0 11750 
10 11.13 11.4 61.2 4 137.56 <1.0 2.89 <1.0 3.17 11591 
11 11 10 60.8 3.9 38.61 <1.0 38.11 <1.0 2.82 8201 
12 10.93 10.1 60.8 3.6 8.63 <1.0 10.72 <1.0 <1.0 8177 
13 10.94 10.1 60.8 3.2 37.38 <1.0 9.10 <1.0 <1.0 8159 
14 10.79 10.2 60.6 3.65 55.65 <1.0 41.33 2.57 <1.0 8138 
15 10.9 10 60.7 1 78.41 <1.0 38.44 <1.0 <1.0 8092 
16 10.91 11.6 60.5 1.9 26.70 <1.0 35.06 <1.0 <1.0 4510 
17 10.95 11.2 60.6 2.3 29.51 <1.0 37.05 <1.0 <1.0 4451 
18 10.7 11.5 60.7 2.3 72.51 <1.0 36.89 <1.0 <1.0 4421 
19 10.76 11.9 61 3.3 83.23 1.15 38.12 <1.0 <1.0 4385 
20 10.67 12 61.2 3.3 87.65 3.63 38.70 <1.0 <1.0 4363 
21 10.9 12.4 61.7 1.1 132.34 <1.0 36.81 <1.0 <1.0 4326 
22 10.84 11.7 60.8 1.1 54.52 <1.0 42.35 <1.0 <1.0 4294 
23 10.83 11.4 60.6 2.6 6.59 <1.0 17.49 <1.0 <1.0 4271 
24 10.74 11.3 60.6 2.3 188.94 <1.0 60.72 <1.0 <1.0 4263 
25 10.76 11.2 60.8 2.4 72.54 <1.0 38.00 <1.0 <1.0 4251 
26 10.64 11.5 60.6 1.1 57.00 1.26 38.20 <1.0 <1.0 4241 
27 10.67 11.3 60.3 1.8 177.97 <1.0 35.61 <1.0 <1.0 4240 
28 10.33 10.6 60.7 1.1 60.44 <1.0 12.07 <1.0 <1.0 4238 
29 11.27 11 60.5 1 64.50 <1.0 32.49 <1.0 <1.0 4248 
30 10.9 11.3 60.4 1.05 36.70 <1.0 32.12 <1.0 <1.0 4308 
31 11.11 10.2 60.1 3.9 86.80 <1.0 39.50 <1.0 <1.0 1523 
32 10.82 10.2 60.2 3.5 11.55 <1.0 36.30 <1.0 <1.0 1491 
33 10.87 10.3 60.1 1.1 64.22 <1.0 36.99 <1.0 <1.0 1461 
34 10.94 10.5 59.2 1.2 18.20 <1.0 38.95 <1.0 <1.0 1417 




36 10.85 10.3 60.1 2.6 172.42 <1.0 39.17 <1.0 <1.0 1319 
37 10.88 10.3 60.6 3.95 26.09 <1.0 38.01 <1.0 <1.0 1262 
38 10.91 10.6 57.8 3.9 78.85 <1.0 28.31 <1.0 <1.0 1215 
39 11.04 10.7 59.6 1.2 53.40 <1.0 33.89 <1.0 3.60 1175 
40 11.01 10.6 59.7 2.2 144.84 <1.0 33.89 <1.0 <1.0 1124 
41 11 9.9 60.7 3.6 280.41 <1.0 52.05 <1.0 <1.0 36 
42 11.6 10.3 60.8 3.4 14.38 <1.0 57.04 <1.0 <1.0 107 
43 11.13 10 60.9 3.8 45.13 <1.0 55.22 <1.0 <1.0 172 
44 10.94 10.1 60.6 3.1 66.35 <1.0 63.84 <1.0 <1.0 228 
45 10.82 10.1 60.6 3.8 113.19 <1.0 48.74 <1.0 3.15 221 
46 10.98 10.2 60.5 4 87.50 <1.0 50.99 <1.0 1.93 174 
47 10.85 10.3 60.9 3.6 165.66 <1.0 36.95 <1.0 1.60 136 
48 11.13 10.4 60.7 3.8 198.30 3.19 32.93 <1.0 <1.0 85 
49 10.87 10.4 60.6 3.9 43.26 3.27 42.08 <1.0 <1.0 30 
50 11.04 10.3 60.5 3.8 31.88 <1.0 45.46 <1.0 <1.0 40 
51 11.94 10.8 59.5 3.3 68.20 <1.0 44.84 <1.0 2.99 46 
52 11.75 9.6 59.1 3.65 104.68 <1.0 57.79 <1.0 <1.0 29 
53 11.73 9.9 59.3 3.1 35.33 <1.0 58.73 <1.0 <1.0 10 
54 11.44 10.3 59.8 3.9 108.65 <1.0 30.40 <1.0 2.56 48 
55 11.65 10.5 59.5 3.1 62.60 <1.0 50.52 <1.0 4.47 19 
56 11.59 10.5 59.8 3.05 66.77 <1.0 44.98 <1.0 <1.0 14 
57 11.34 11.3 59.9 2.8 64.13 <1.0 35.62 <1.0 <1.0 61 
58 11.32 11.1 60 2.6 84.82 <1.0 37.23 <1.0 <1.0 17 
59 11.27 11.4 59.9 2.4 34.07 <1.0 31.67 <1.0 5.04 9 
60 11.43 11.9 60.3 1 65.98 <1.0 27.06 <1.0 9.32 8 
61 11.44 11 60.8 1.6 98.76 <1.0 28.16 <1.0 8.51 10 
62 11.31 11 60.9 1.6 55.93 <1.0 26.43 <1.0 <1.0 11 
63 11 11.7 60.8 1.5 140.87 <1.0 18.35 <1.0 <1.0 26 
64 10.9 12 64.7 2 79.13 <1.0 32.22 <1.0 3.59 61 
65 11.21 11.7 65.9 1.6 202.59 4.83 34.32 <1.0 <1.0 103 
66 11.29 11.5 68.3 1.5 115.33 7.12 39.16 1.03 <1.0 77 
67 11.71 11.5 64.5 1.7 141.48 7.10 35.34 <1.0 <1.0 27 
68 11.36 12.5 60.9 1.1 86.68 <1.0 13.70 <1.0 <1.0 25 
69 11.44 12.1 61 1 22.30 <1.0 16.74 <1.0 <1.0 51 
70 11.78 12 61.3 1.4 68.94 <1.0 18.41 <1.0 <1.0 76 
71 11.48 11.4 61.2 1.05 168.13 1.13 22.45 <1.0 <1.0 110 
72 11.26 11.2 60.8 1 161.44 <1.0 22.54 <1.0 <1.0 134 
73 11.23 11.2 61.1 1 68.83 <1.0 20.73 <1.0 <1.0 173 
74 11.6 11.2 60.5 1.3 9.63 <1.0 15.77 <1.0 <1.0 225 
75 11.08 11.2 60.9 1.3 76.93 <1.0 24.70 <1.0 <1.0 260 
76 11.1 11 60.8 1.1 97.34 1.13 24.04 <1.0 <1.0 300 




78 11.06 11 61 1.35 83.61 7.30 22.89 <1.0 <1.0 375 
79 11.04 10.8 60.7 1.45 75.52 <1.0 24.96 <1.0 <1.0 427 
80 11.04 10.8 61 2.1 13.26 <1.0 26.46 <1.0 <1.0 450 
 
